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Abstract. At global and regional scales, tree mortality rates are positively correlated with
forest net primary productivity (NPP). Yet causes of the correlation are unknown, in spite of
potentially profound implications for our understanding of environmental controls of forest
structure and dynamics and, more generally, our understanding of broad-scale environmental
controls of population dynamics and ecosystem processes. Here we seek to shed light on the
causes of geographic patterns in tree mortality rates, and we consider some implications of the
positive correlation between mortality rates and NPP. To reach these ends, we present seven
hypotheses potentially explaining the correlation, develop an approach to help distinguish
among the hypotheses, and apply the approach in a case study comparing a tropical and
temperate forest.
Based on our case study and literature synthesis, we conclude that no single mechanism
controls geographic patterns of tree mortality rates. At least four different mechanisms may be
at play, with the dominant mechanisms depending on whether the underlying productivity
gradients are caused by climate or soil fertility. Two of the mechanisms are consequences of
environmental selection for certain combinations of life-history traits, reﬂecting trade-offs
between growth and defense (along edaphic productivity gradients) and between reproduction
and persistence (as manifested in the adult tree stature continuum along climatic and edaphic
gradients). The remaining two mechanisms are consequences of environmental inﬂuences on
the nature and strength of ecological interactions: competition (along edaphic gradients) and
pressure from plant enemies (along climatic gradients).
For only one of these four mechanisms, competition, can high mortality rates be considered
to be a relatively direct consequence of high NPP. The remaining mechanisms force us to
adopt a different view of causality, in which tree growth rates and probability of mortality can
vary with at least a degree of independence along productivity gradients. In many cases, rather
than being a direct cause of high mortality rates, NPP may remain high in spite of high
mortality rates. The independent inﬂuence of plant enemies and other factors helps explain
why forest biomass can show little correlation, or even negative correlation, with forest NPP.
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527INTRODUCTION
Global patterns of insolation, temperature, precipita-
tion, and nutrient supplies are the foundation of
gradients of terrestrial net primary productivity (NPP).
Although causation is still debated, broad-scale gradi-
ents of NPP have long been known to correlate with
important characteristics of biotic communities, such as
species diversity and vegetation structure (e.g., Whit-
taker 1975, Gillman and Wright 2006, Keeling and
Phillips 2007, Moles et al. 2009a). Less well character-
ized, however, is the relationship between NPP and
population dynamics, particularly demographic rates
(see the references and summaries in Gaston et al. 2008
and Schemske et al. 2009). In one of the best
characterized examples, background (non-catastrophic)
mortality rates of forest trees follow global and regional
patterns of forest productivity, with the most productive
forest types having average mortality rates three to four
times greater than those of the least productive forest
types (Stephenson and van Mantgem 2005). This simple
correlation hints at a possible causal relationship
between population dynamics and ecosystem processes
(cf. Clark 1990, Brown et al. 2004), with implications for
our understanding of controls of forest structure, carbon
storage, and NPP.
Causes of geographic variation in tree mortality rates
have been explored in only a handful of studies (e.g.,
Chao et al. 2008, Lines et al. 2010; Dietze and
Moorcroft, in press), without a systematic consideration
of a range of hypotheses explaining the relationship
between tree mortality rates and forest NPP. We
therefore lack generalized answers, or even approaches
for obtaining answers, to several key questions. For
example, is high forest NPP a direct cause of high tree
mortality rates, such as through enhanced competition
(Clark 1990, Phillips et al. 2008, Enquist et al. 2009)? Or
is mortality rate controlled by other factors, such as
environmental effects on herbivore populations (Coley
and Barone 1996), that may be largely independent of
those directly mediated by NPP? Are mortality rates
further inﬂuenced by environmental selection for species
exhibiting certain life-history traits and trade-offs
(Grime 2001)? Finally, what are the implications of
these possibilities for ecological theory in general?
These questions are made especially compelling by
recent observations that, at subcontinental to global
scales, forest function, structure, and dynamics are
changing. Over the last few decades average global
forest NPP has been changing, most likely due to
various combinations of changing temperature, precip-
itation, cloudless days, atmospheric CO2, and nutrient
deposition (Boisvenue and Running 2006, Zhao and
Running 2010). Over roughly the same period, reports
of drought- and temperature-induced episodes of
elevated tree mortality have increased (Allen et al.
2010). In tropical Amazonia, apparent increases in
forest NPP have been paralleled by increasing forest
density, aboveground biomass, recruitment rates, and
mortality rates (Laurance et al. 2004, 2009, Lewis et al.
2004, Phillips et al. 2008), and similar changes may be
occurring in at least some other tropical regions (Chave
et al. 2008, Lewis et al. 2009a, b). In contrast, in the
temperate western United States, background tree
mortality rates have increased while recruitment rates
have remained unchanged, leading to a net decrease in
forest density and basal area (van Mantgem et al. 2009).
These observations, coupled with model results suggest-
ing that small changes in tree mortality rates can, over
time, profoundly affect the structure, composition, and
dynamics of forests (e.g., Kobe 1996, Pacala et al. 1996,
Bugmann 2001, Wyckoff and Clark 2002), point to a
clear need for a better understanding of environmental
controls of tree mortality.
This paper has two goals: to shed light on the causes
of geographic patterns in background tree mortality
rates, and to consider some implications of the positive
correlation between mortality rate and NPP. To reach
these ends, the paper is organized in four main sections.
In the ﬁrst, we provide background and theory,
beginning with syntheses of hypothesized and observed
relationships between tree traits and probability of
mortality, both within and among tree life-history
groups and within and among forest communities. This
sets the stage for introducing two broad classes of
proximate causes of differences in mortality rates
between forests and seven hypothesized ultimate causes.
The seven hypothesized ultimate causes are not all
mutually exclusive, and include well-known conjectures
about broad-scale gradients of selection for species
exhibiting certain combinations of life-history traits and
trade-offs, and direct environmental inﬂuences on
ecological interactions.
In the second section, we develop an approach to help
distinguish among the hypotheses. For each of the
hypotheses, we identify the associated differences that
would be expected between a high-mortality and a low-
mortality forest in (1) the forests’ relative proportions of
trees belonging to groups deﬁned by species- and tree-
speciﬁc traits, and (2) mortality rates speciﬁc to each of
these groups. Based on these expectations and the results
of other published studies, we provide a framework for
systematically determining which hypotheses to favor or
reject.
In the third section, we apply our approach to a case
study, both as a means of demonstrating the potential
utility of our approach and as a basis for contributing,
along with our literature synthesis, to the two primary
goals of the paper. The case study compares two of the
largest qualifying data sets from forest types that
exhibit, at global scales, extreme high and low mortality
rates (Stephenson and van Mantgem 2005): tropical
angiosperm forest (data from Barro Colorado Island,
Panama; mortality rate 2.22% per yr) and temperate
gymnosperm forest (data from California, Oregon, and
Washington, USA; mortality rate 1.10% per yr). We
interpret the case study’s results in light of the available
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Sliterature. Finally, in the Discussion, we use information
and results from the preceding sections to frame our
discussion of possible generalizations about mechanisms
driving geographic patterns of tree mortality rates, and
implications of the positive correlation between mortal-
ity rates and NPP.
BACKGROUND AND THEORY
Relationships between species’ traits and probability
of mortality
Plants must allocate ﬁnite resources to three critical
functions: growth, reproduction, and persistence. Rela-
tive allocations to these functions are at least partly
determined by trade-offs subject to natural selection,
and can affect mortality rates (Herms and Mattson
1992, Arendt 1997, Obeso 2002, Strauss et al. 2002,
Reich et al. 2003, Stamp 2003, Westoby and Wright
2006). Not surprisingly, then, forest ecologists have
recognized two continua of life-history trade-offs of
particular importance in trees: growth vs. persistence
(especially as manifested in the shade-tolerance contin-
uum), and reproduction vs. persistence (as manifested in
the continuum of adult tree stature) (Loehle 2000,
Turner 2001, Poorter et al. 2003, 2006, Falster and
Westoby 2005, Nascimento et al. 2005, Bohlman and
O’Brien 2006, Wright et al. 2010).
Importantly, differences in life-history traits among
species might manifest themselves locally, within forest
communities, and regionally and globally, among forest
communities along broad-scale environmental gradi-
ents. Our ability to understand causes of differences in
mortality rates among forests requires that we make a
clear distinction between the relative effects of alpha
(within-community) and beta (among-community) var-
iation in life-history traits and trade-offs (cf. Ackerly
and Cornwell 2007). While we introduce this distinction
in the following paragraphs, its importance will become
especially evident in subsequent sections.
In the growth–persistence trade-off, resource-rich
environments are thought to select for species exhibiting
suites of traits that favor rapid growth, which confers a
competitive advantage, at the expense of traits that can
enhance long-term survival, especially defenses (Coley et
al. 1985, Stamp 2003, Chave et al. 2009a, Endara and
Coley 2011) but perhaps also failure-resistant hydraulic
architecture (e.g., Markesteijn et al. 2011) and structural
reinforcement (Zimmerman et al. 1994, King et al.
2006b, van Gelder et al. 2006, Chave et al. 2009a; but see
Anten and Schieving 2010, Larjavaara and Muller-
Landau 2010). Such species therefore experience both
higher average growth rates and mortality rates than
other species. Within a forest community, the trade-off
is most familiarly expressed in the continuum between
shade-tolerant and shade-intolerant species (Pacala et al.
1996, Turner 2001, Wright et al. 2003, Gilbert et al.
2006, Valladares and Niinemets 2008). Shade-intolerant
species generally depend on the high-light environments
of forest gaps, and usually have both high potential
growth rates and high mortality rates.
Among different forest communities, the growth–
persistence trade-off might be expressed in the contin-
uum between ‘‘competitors’’ and ‘‘stress-tolerators’’
(Grime 2001). Broad-scale gradients of environmental
potential for NPP could affect community-wide mortal-
ity rates by selecting for whole groups of species that,
independent of their local shade tolerance, strike a
particular balance in the trade-off between growth and
persistence, particularly growth and defenses (Coley et
al. 1985, Grime 2001, Stamp 2003, Endara and Coley
2011). For example, a trade-off between growth and
defense is found in Amazonian tree species growing on
soils of contrasting fertility (Fine et al. 2004, 2006).
Another broad-scale growth–persistence trade-off might
involve that between tree hydraulic efﬁciency and safety,
in which more stressful environments select for species
with hydraulic architectures that are more resistant to
failure (embolism), at the expense of efﬁcient water
transport and thus potential for rapid growth and the
competitive advantages it confers (e.g., Hacke and
Sperry 2001, Sperry et al. 2008). (We call this the
‘‘growth–hydraulic-safety trade-off’’ to emphasize its
membership in the broader class of growth–persistence
trade-offs.) For such a trade-off to contribute to the
positive correlation between forest NPP and tree
mortality rates at global scales, the more efﬁcient
hydraulic architecture of trees in productive environ-
ments must also contribute to their higher mortality
rates. Such a condition might arise if, for example,
species in productive environments face especially strong
selection for the competitive advantage conferred by
rapid growth, even if the associated hydraulic architec-
ture brings a greater risk of fatal failure relative to
species in unproductive environments.
In contrast, in the reproduction–persistence trade-off,
species that direct more resources toward reproduction
may do so at the expense of growth and defenses, and
thus may suffer higher mortality rates (Silvertown and
Dodd 1999, Obeso 2002). Within forest communities,
the trade-off may be expressed in the adult tree stature
continuum. Compared to canopy species, subcanopy
species (those that complete their entire life cycles
without achieving canopy stature) direct more resources
toward early and profuse reproduction at the expense of
continued growth (Thomas 1996, Turner 2001, Kohya-
ma et al. 2003, Kohyama and Takada 2009) and
probably also defenses (Loehle 2000). Consequently,
subcanopy species often have higher mortality rates than
canopy species, even when trees of the same sizes and
light environments are compared (Manokaran and
Kochummen 1987, Korning and Balslev 1994, Nasci-
mento et al. 2005, King et al. 2006a). (An exception is
found in seedlings of subcanopy species, which have low
mortality rates [King et al. 2006c], presumably because
they have not yet begun to divert resources toward
reproduction.) While the reproduction–persistence
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Strade-off is evident within forest communities, we are
unaware of clear manifestations of the trade-off among
forest communities (but see Moles et al. [2009b], who
reported increasing proportions of NPP devoted to seed
production with declining absolute latitude).
Relationships between individual tree characteristics and
probability of mortality
Mortality rate is also related to characteristics of
individual trees that are independent of their species’
life-history traits: in particular, tree growth rate and size
relative to conspeciﬁcs. Within a given species, recent
growth rate usually is negatively correlated with
mortality rate (i.e., rapidly growing trees are the least
likely to die, slowly growing trees the most likely to die;
e.g., Buchman et al. 1983, Wyckoff and Clark 2002,
Bigler and Bugmann 2004). This negative relationship
exists because persistent slow growth relative to
conspeciﬁcs usually reﬂects chronic stresses, including
competition (Pedersen 1998, Canham et al. 2006),
reduced defenses (Waring and Pitman 1985, Waring
1987), and (or) ongoing attack by herbivores or
pathogens (Rosso and Hansen 1998, Noetzli et al.
2003). This negative relationship does not contradict the
observed positive relationship between species’ average
(or maximum potential) growth rates and mortality
rates, which is a result of a local growth–persistence
trade-off (e.g., Condit et al. 1996a, Wright et al. 2003,
Gilbert et al. 2006). The positive relationship between
growth and mortality applies among species along the
shade-tolerance continuum, whereas the negative rela-
tionship applies to individuals within those species.
Relationships between tree size and mortality rate are
more difﬁcult to generalize and interpret. Some studies
have found no relationship between size and mortality,
at least for trees  10 cm in diameter (e.g., Lieberman
and Lieberman 1987). A more common observation is
that small trees have higher mortality rates than large
trees (e.g., Condit et al. 1999, Coomes et al. 2003,
Muller-Landau et al. 2006a, Wunder et al. 2008),
although in some cases this pattern may simply reﬂect
that smaller trees more often are suppressed than larger
trees, and therefore exhibit elevated mortality related to
slow growth, not small size per se (Coomes et al. 2003,
Uriarte et al. 2004). Another common relationship is
that mortality rate is highest in the smallest and largest
trees, and lowest in mid-sized trees (e.g., Buchman et al.
1983, Muller-Landau et al. 2006a, Lines et al. 2010). In
Malaysia, Newbery et al. (1999) found that the
relationship between size and mortality depended on
adult tree stature: mortality rate increased with size
within subcanopy species, but decreased with size within
canopy species. These contrasting patterns may reﬂect
costs incurred by subcanopy species, which, unlike
canopy species, initiate reproduction in the shaded
understory (expressing a local reproduction–persistence
trade-off).
Proximate causes of differences in mortality rates between
forest communities
The preceding subsections identiﬁed several continua
of variation in species’ life-history traits and the
characteristics of individual trees that are related to
probability of mortality. For ease of presentation and to
facilitate analyses, we divide these continua into discrete
groups: LH groups, deﬁned by species’ local life-history
traits (shade tolerance and adult tree stature relative to
sympatric species), and GS groups, deﬁned by tree
growth rate and size. These divisions help us develop a
quantitative tool (Eqs. 1 and 2) that both contributes
conceptually to our hypotheses explaining geographic
variation in tree mortality rates, and helps us distinguish
among those hypotheses.
As suggested by the preceding subsection, two broad
classes of proximate causes can explain differences in
mortality rates between two forest communities. First,
two forests might differ in group proportions: the high-
mortality forest has greater proportions of trees
belonging to groups with intrinsically high mortality
rates, such as subcanopy species or slowly growing
(suppressed) trees (Fig. 1). Second, the forests might
differ in group-speciﬁc mortality rates: a given group in
the high-mortality forest has a higher mortality rate than
the same group in the low-mortality forest (Fig. 1). The
two classes of proximate causes are not mutually
exclusive, and their relative contributions to differences
in mortality rates between forest communities can be
calculated from data collected in permanent forest plots.
Speciﬁcally, the relative proportion of the difference in
community-wide mortality rates between two forests
that results from differences in LH-group proportions is
calculated as
k ¼
X
i;j
ðp
high
ij   plow
ij Þðm
high
ij þ mlow
ij Þ
2ðMhigh   MlowÞ
ð1Þ
where pij is the proportion of trees and mij is the annual
mortality rate in LH group ij (shade-tolerance class i and
adult stature class j), and M is overall (community-wide)
mortality rate of a forest (see Appendix A for the
derivation). Superscripts ‘‘high’’ and ‘‘low’’ indicate the
high- and low-mortality forests, respectively. Similarly,
the relative proportion of the difference in community-
wide mortality rates between the two forests that results
from differences in LH-group-speciﬁc mortality rates is
calculated as
l ¼
X
i;j
ðm
high
ij   mlow
ij Þðp
high
ij þ plow
ij Þ
2ðMhigh   MlowÞ
: ð2Þ
Values of k and l can be either positive or negative, but
their sum must equal 1.
If calculations reveal that some of the difference in
community-wide mortality rates between the forests can
be attributed to differences in their LH-group-speciﬁc
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Smortality rates (i.e., if l . 0), we may wish to determine
proximate causes of the differences in LH-group-speciﬁc
mortality rates (see Distinguishing among the hypothe-
ses). Eqs. 1 and 2 are then used to calculate the relative
contributions of GS-group proportions and GS-group-
speciﬁc mortality rates to the difference between forests
in LH-group-speciﬁc mortality rates, where pij now
represents the proportion of trees, and mij the annual
mortality rate, in GS group ij (growth-rate class i,
diameter class j), and M represents LH-group-speciﬁc
mortality rate for a given LH group.
We highlight three limitations of Eqs. 1 and 2. First,
species life-history traits, tree growth rates, and tree sizes
fall along continua, not into discrete groups as assumed
by the equations. To a degree, the continua can be
represented by classifying species and trees into more
(and more ﬁnely divided) groups, but this comes at the
expense of reduced sample sizes within groups. The
second (and related) limitation is that the quantitative
results of the equations can be affected by the location of
boundaries between groups; however, these effects
should normally be small relative to the dominant
patterns revealed by the equations. Finally, in their
current forms the equations allow comparison of only
two forests at once. In the future, some of these
limitations might be overcome by adopting an approach
conceptually similar to that used by Ackerly and
Cornwell (2007) to partition species trait values into
within- and among-community components. However,
development of such an approach poses unique chal-
lenges that are beyond the scope of this paper.
Hypothesized ultimate causes
Ultimate causes of differences in community-wide
mortality rates between forests are those environmental
and ecological factors that drive the observed proximate
causes of the differences. For example, if a forest’s
higher mortality rate is at least partly attributed
proximately to its greater proportion of trees belonging
to subcanopy species, an ultimate cause explains the
origin of that greater proportion.
We present seven possible ultimate causes of broad-
scale differences in community-wide mortality rates
between forests. The hypotheses are not all mutually
exclusive, and reﬂect the premise that broad-scale
patterns in background mortality rates must be a
consequence of environmental selection for species
exhibiting certain traits, environmental inﬂuences on
the nature of ecological interactions, or both. (Environ-
mental effects on mechanical stresses to trees are
considered brieﬂy in Discussion.) We emphasize aspects
of the causes that would help explain the positive
correlation, at regional and global scales, between tree
mortality rates and forest NPP. For brevity, our use of
the term ‘‘resource’’ can include temperature, in addition
to light, water, and nutrients.
The ﬁrst two hypothesized ultimate causes are related
to differences between forests in LH-group proportions.
The tolerant/intolerant proportions hypothesis.—One
forest could have a higher mortality rate than another
because it has a greater proportion of trees belonging to
shade-intolerant species (as measured relative to sym-
patric species), which have high mortality rates due to a
local growth–persistence trade-off. The ultimate cause of
this greater abundance would be any of the other six
ultimate causes that result in higher mortality rates
(especially in canopy trees), thereby creating more
opportunities for successful recruitment of shade intol-
erants (cf. Chao et al. 2009). This hypothesis is unique in
reﬂecting a secondary effect of one or more of the other
ultimate causes; however, we ﬁnd it conceptually useful
to retain as a separate hypothesis.
The canopy/subcanopy proportions hypothesis.—One
forest could have a higher mortality rate than another
because it has a greater proportion of trees belonging to
subcanopy species, which may have high mortality rates
due to a local reproduction–persistence trade-off. The
FIG. 1. The two classes of proximate causes of differences in
community-wide mortality rates (white and gray bars represent
hypothetical forests with low and high community-wide
mortality rates, respectively). Difference in group proportions
(left panels): a greater proportion of trees belong to groups with
high mortality rates (in this case, Group 2), leading to the
forest’s higher community-wide mortality rate. Difference in
group-speciﬁc mortality rates (right panels): mortality rates
within some or all groups are higher, leading to the forest’s
higher community-wide mortality rate. Although each set of
panels shows only one proximate cause acting at a time, the
causes are not mutually exclusive, and they may work either in
concert or in opposition. Group 2 can represent life-history
groups with high mortality rates (such as shade-intolerant or
subcanopy species), growth-rate and size classes with high
mortality rates (such as slowly growing or small trees within a
given life-history group), or combinations of these.
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species roughly parallels global patterns of forest NPP;
it increases strongly toward the equator (Niklas et al.
2003, King et al. 2006c), and within a latitudinal zone
often increases with increasing precipitation and soil
fertility (Gentry and Emmons 1987, Givnish 1999,
Pitman et al. 2002, but see LaFrankie et al. 2006). The
greater abundance of subcanopy species at low latitudes
ultimately may result from the combined effects of year-
round warmth and more vertical sun angles, which may
allow the evolution of additional tree strata (Terborgh
1985, King et al. 2006c). Similarly, within a latitudinal
zone increased moisture or soil fertility might reduce
whole-plant light compensation points (thereby increas-
ing shade tolerance) or have other effects that allow
greater densities of plants (and species) to persist in the
understory (Givnish 1999, Pitman et al. 2002, Coomes et
al. 2009).
The remaining ﬁve hypotheses are related to differ-
ences between forest communities in LH-group-speciﬁc
mortality rates. The ﬁrst two concern broad-scale
gradients of direct environmental inﬂuences on ecolog-
ical interactions; the ﬁnal three are related to broad-scale
gradients of environmental selection for species exhib-
iting certain life-history traits.
The competition hypothesis.—Mortality rates within
any given species or LH group might be inﬂuenced by
the rate at which individuals die from the effects of
competition, which in turn may be positively correlated
with resource availability. In a self-thinning forest patch,
additional resources usually increase the growth rate of
the largest (dominant) trees. In turn, these large, rapidly
growing trees suppress more trees more quickly than
they would in a resource-poor environment, through
asymmetric competition for ‘‘preemptable’’ resources
such as light (Weiner 1990, Keddy et al. 1997,
Schwinning and Weiner 1998, Bauer et al. 2004). (We
will refer to this process as ‘‘enhanced’’ asymmetric
competition relative to that in a resource-poor forest.)
The net effect is a higher mortality rate (concentrated in
the suppressed trees) and more rapid stand development,
a phenomenon called the Sukatschew effect (Harper
1977:176; also see Weiner 1985, Clark 1990, Turnblom
and Burk 2000). Since old forests near dynamic
equilibrium comprise a mosaic of patches of all ages,
many (or most) of which are at some stage of self-
thinning (Coomes and Allen 2007), the forest as a whole
will express a higher mortality rate.
The enemies hypothesis.—Mortality rates within a
given species or LH group ultimately might be
inﬂuenced by the rate and severity of attack by plant
enemies, which in turn may be highest in climatic zones
that favor high NPP. For example, the warm, moist,
aseasonal environments that best favor rapid tree
growth may also favor the herbivores, pathogens, and
agents of decay that attack trees (Givnish 1999, Gilbert
2005, Frazier et al. 2006, Schemske et al. 2009). High
attack rates could lead to higher mortality rates in many
(or all) species or LH groups, either by killing trees
directly or by making them more vulnerable to other
causes of death, such as rot fungi making trees more
vulnerable to windthrow (Franklin et al. 1987). (Higher
attack rates could also select for increased tree defenses,
a possibility considered under Distinguishing among the
hypotheses.)
The growth–defense hypothesis.—At broad spatial
scales, resource-rich environments might select for suites
of species that, independent of their shade tolerance and
adult stature relative to sympatrics (i.e., their local LH-
group membership), sacriﬁce defenses in favor of the
competitive advantage conferred by rapid growth (Coley
et al. 1985, Grime 2001, Stamp 2003, King et al. 2006b,
Coomes et al. 2009, Endara and Coley 2011). Thus,
compared to forest communities with low resource
availability, those with high availability may be more
heavily dominated, within one or more LH groups, by
species that both grow more rapidly and have higher
mortality rates.
The growth–hydraulic-safety hypothesis.—Resource-
rich environments might select for species that, inde-
pendent of their local LH-group membership, sacriﬁce
resistance to hydraulic failure in favor of the competitive
advantage conferred by rapid growth (cf. Hacke and
Sperry 2001, Maherali et al. 2004, Sperry et al. 2008).
Thus, compared to forests with low resource availability,
those with high availability may be more heavily
dominated, within one or more LH groups, by species
that both grow more rapidly and have higher mortality
rates.
The reproduction–persistence hypothesis.—At broad
spatial scales, certain environments (including produc-
tive environments; cf. Moles et al. 2009b) may select for
suites of species that, independent of their local LH-
group membership, sacriﬁce growth (hence competitive
ability) or defenses in favor of reproduction (cf. Obeso
2002). Thus, compared to forests with low resource
availability, those with high availability may be more
heavily dominated, within one or more LH groups, by
species with higher mortality rates.
We have not included a hypothesis related to the
possibility that trees senesce more rapidly in warmer or
more productive environments (cf. Brown et al. 2004,
McCoy and Gillooly 2008). We are unaware of any
convincing evidence that senescence, the endogenous
degenerative processes that can lead to death (Noode ´ n
and Leopold 1988), is a common phenomenon in trees,
and a growing body of evidence suggests it is not (e.g.,
Loehle 1988, Mencuccini et al. 2007, Munne ´ -Bosch
2008, Pe˜ nuelas and Munne ´ -Bosch 2010; but see Issartel
and Coiffard 2011). Of course, trees do age, suffering
cumulative exogenous damage that may make them
more susceptible to death, but such damage is not
caused by age-related changes in endogenous metabolic
function (senescence). Even if trees did senesce, senes-
cence would be a minor contributor to community-wide
mortality rates in forests. Globally, most trees in
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Enquist and Niklas 2001), and nearly always have higher
mortality rates than the relatively rare large, old trees
(e.g., Condit et al. 1999, Coomes et al. 2003, Muller-
Landau et al. 2006a). Young trees therefore strongly
dominate in determining the overall mortality rates of
forests (e.g., see the Case study).
DISTINGUISHING AMONG THE HYPOTHESES
Building from the preceding section, we developed an
approach to help distinguish among the hypotheses (Fig.
2). The approach uses proximate causes of differences in
mortality rates between forest communities, determined
from data collected in long-term forest plots, to help
identify probable ultimate causes. The following para-
graphs outline the approach and its underlying logic and
assumptions; our case study then offers a concrete
example of its application.
We emphasize a point that is critical to understanding
our approach: life-history (LH) groups are deﬁned
locally, relative to sympatric species. Thus, a species’
classiﬁcation as shade tolerant or intolerant and canopy
or subcanopy is determined relative to other species
within a particular forest community that is being
compared to another forest community, but not on an
absolute scale that includes species from different forest
communities.
To begin, species within the two forests being
compared (a high-mortality and a low-mortality forest)
are assigned to LH groups deﬁned by combinations of
the two local life-history axes (shade tolerance and adult
stature relative to sympatrics): i.e., shade-tolerant
canopy species, shade-intolerant canopy species, shade-
tolerant subcanopy species, and shade-intolerant sub-
canopy species. Eqs. 1 and 2 are then used to determine
how much of the difference in overall mortality rates
between the forest communities can be attributed to
differences in LH-group proportions (associated with
the ﬁrst two hypothesized ultimate causes), and how
much to differences in LH-group-speciﬁc mortality rates
(associated with the last ﬁve hypothesized ultimate
causes). If a portion of the high-mortality forest’s higher
mortality rate can be attributed to differences in LH-
group proportions (location 1 in Fig. 2), the data are
examined to determine whether this a consequence of
higher proportions of shade-intolerant species (support-
FIG. 2. Approach to distinguishing among the hypothesized ultimate causes. Arrows indicate paths of analysis and
interpretation; boxes represent conclusions that are best supported by the indicated paths. Circled numerals are referenced in
Distinguishing among the hypotheses and Ultimate causes of BCI’s higher mortality rate. Key to abbreviations: LH, life history; GS,
growth rate and size.
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Sing the tolerant/intolerant proportions hypothesis),
subcanopy species (supporting the canopy/subcanopy
proportions hypothesis), or both (locations 2 and 3 in
Fig. 2).
If part of the difference in overall mortality rates
between the two forests can be attributed to differences
between the forests in LH-group-speciﬁc mortality rates,
further analyses are needed (location 4 in Fig. 2). For
each LH group in each forest, trees are assigned to GS
groups (e.g., small slowly growing trees, large slowly
growing trees, and so on). Eqs. 1 and 2 are then used to
determine how much of the difference in LH-group-
speciﬁc mortality rates between the two forests can be
attributed to differences in GS-group proportions, and
how much to differences in GS-group-speciﬁc mortality
rates.
If higher LH-group-speciﬁc mortality rates are
entirely due to differences in GS-group proportions,
results are inconsistent with the enemies, growth–
defense, growth–hydraulic-safety, and reproduction–
persistence hypotheses, but may be consistent with the
competition hypothesis (location 5 in Fig. 2). The
competition hypothesis is unique in that it neither
proposes nor requires a mechanism by which GS-
group-speciﬁc mortality rates would differ between the
two forests. Instead, abundant resources allow a subset
of trees to grow more rapidly than they would in a
resource-poor environment, and thus to more quickly
and effectively suppress other trees through enhanced
asymmetric competition (see Hypothesized ultimate
causes). During any given time period, a larger
proportion of trees therefore suffers the elevated
mortality associated with slow growth, leading to a
higher mortality rate for the LH group as a whole. Thus,
the speciﬁc expectation for the competition hypothesis
(which we have conﬁrmed with an individual-based
forest model; N. L. Stephenson, P. J. van Mantgem,
A .G .B u n n ,H .B r u n e r ,M .E .H a r m o n ,K .B .
O’Connell, D. L. Urban, and J. F. Franklin, unpublished
manuscript) is a greater proportion of both slowly and
rapidly growing trees in the resource-rich environment,
both at the expense of trees with intermediate growth
rates, with the more abundant slowly growing trees
dominating in determining the higher community-wide
mortality rate.
In contrast, if higher LH-group-speciﬁc mortality
rates are entirely due to higher GS-group-speciﬁc
mortality rates, results are inconsistent with the compe-
tition hypothesis, and consistent with the enemies,
growth–defense, growth–hydraulic-safety, and repro-
duction–persistence hypotheses (location 6 in Fig. 2).
In these last four hypotheses, trees of most growth rates
and sizes are likely to suffer higher mortality rates in
resource-rich than in resource-poor environments, either
due to environmental favorability to plant enemies (the
enemies hypothesis), reduced defenses or structural
integrity (the growth–defense and reproduction–persis-
tence hypotheses), or reduced hydraulic safety (the
growth–hydraulic-safety hypothesis). The conditions
hypothesized in this paragraph (i.e., that none of the
higher LH-group-speciﬁc mortality rate can be attribut-
ed to differences in GS-group proportions) have an
important additional implication: in the resource-rich
environment, higher GS-group-speciﬁc mortality rates
may be sufﬁcient to counteract any potential for a
resource-induced enhancement of asymmetric competi-
tion (see Discussion). That is, the high-mortality forest
may have a smaller proportion of slowly growing trees,
which would tend to reduce community-wide mortality
rate, but this shift in proportions is not great enough to
compensate for the increase in GS-group-speciﬁc mor-
tality rates.
Evidence from other studies must be brought to bear
to distinguish among the four hypotheses that are
associated with higher GS-group-speciﬁc mortality
rates. Studies of plant defenses and attack rates by
plant enemies can help distinguish between the enemies
hypothesis and the growth–defense and reproduction–
persistence hypotheses (locations 7 and 8 in Fig. 2). If
such studies show that higher mortality rates are
associated with intrinsically high attack rates by plant
enemies, but not reduced defenses, results are consistent
with the enemies hypothesis. If studies show the
opposite, results are consistent with the growth–defense
and reproduction–persistence hypotheses. (Distinguish-
ing between the last two hypotheses, in turn, would
require additional ﬁeld studies of growth rates and
reproductive effort.) If studies show that higher GS-
group-speciﬁc mortality rates are a consequence both of
reduced defenses and intrinsically high attack rates (not
shown in Fig. 2), results would be consistent with the
enemies hypothesis acting in concert with the growth–
defense or reproduction–persistence hypotheses.
The growth–hydraulic-safety hypothesis is not mutu-
ally exclusive of the other three hypotheses that are
associated with higher GS-group-speciﬁc mortality
rates. Evidence would be consistent with the hypothesis
if studies demonstrated that (1) trees in the resource-rich
environment have more efﬁcient hydraulic architectures,
and (2) under climatic conditions typical of the resource-
rich environment, those more efﬁcient hydraulic archi-
tectures contribute to higher mortality rates (location 9
in Fig. 2).
Finally, higher LH-group-speciﬁc mortality rates
could be a consequence both of differences in GS-group
proportions (e.g., a greater proportion of slowly
growing, suppressed trees) and of higher GS-group-
speciﬁc mortality rates (location 10 in Fig. 2). This
outcome is consistent with the reproduction–persistence
hypothesis (which postulates reduced allocation of
resources to both growth and defenses), or the
competition hypothesis working in concert with the
enemies, growth–defense, growth–hydraulic-safety, or
reproduction–persistence hypotheses. The last possibil-
ities imply that the increases in GS-group-speciﬁc
mortality rates, whatever their cause, are not sufﬁcient
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Sto counteract a resource-induced enhancement of
asymmetric competition. Distinguishing among the
possibilities would likely require a series of targeted
studies.
If the resource-rich environment associated with high
LH-group-speciﬁc mortality rates (location 4 in Fig. 2) is
climatically more favorable to the growth and repro-
duction of plant enemies, added pressure from those
enemies might select for increased tree defenses. If
selection for increased defenses were great enough to
counteract the increased mortality rates otherwise
expected from the ﬁve hypotheses, then LH-group-
speciﬁc mortality rates in the resource-rich environment
would not be higher than those in the resource-poor
environment, and differences in LH-group-speciﬁc
mortality rates would not have been identiﬁed as a
cause of differences in mortality rates between the forest
communities in the ﬁrst place. However, if increased
defenses only partly counteracted the increase in
mortality rates expected from the ﬁve hypotheses, the
signatures of those hypotheses should still be evident as
outlined in Fig. 2. Thus, our approach to distinguishing
among the hypotheses should be robust in the face of
selection favoring increased defenses in resource-rich
environments.
CASE STUDY
Site selection and characteristics of the forests
We required that sites for our case study met the
following criteria. First, the forests being compared
exhibited a large and persistent difference in mortality
rates, and the difference appeared to be intrinsic rather
than the result of unusual disturbance, introduced
pathogens, etc. Second, to reduce possible confounding
effects of stand development and succession, we
compared only old forests. Third, to have a large
enough sample to meaningfully compare various LH
and GS groups, each sample included tens of thousands
of trees. Fourth, to calculate growth rates and track
subsequent mortality, each forest included at least three
complete censuses. Fifth, we sought intervals between
censuses of about ﬁve years: long enough to calculate
growth and mortality with reasonable precision, but
short enough to minimize problems such as bias in
mortality rate calculation (e.g., Sheil 1995). Finally, the
large majority of trees belonged to species already
classiﬁed according to shade tolerance.
Data sets meeting all these criteria simultaneously—
particularly with large and persistent differences in
mortality rates, very large sample sizes, and accompa-
nied by robust life-history information—are currently
quite rare (a situation that is likely to change within the
next decade; see Summary and conclusions). Only two
well-qualiﬁed data sets were available to us (Appendix
B). Tropical data came from the 50-ha moist forest plot
on Barro Colorado Island, Panama (BCI; latitude 98 N),
described in Leigh et al. (2004). Temperate data came
from the pooled data of 65 plots totaling 58.1 ha in
California, Oregon, and Washington, USA (latitudes
368–488 N), hereafter referred to as ‘‘Paciﬁc States’’
(Acker et al. 1998, Stephenson and van Mantgem 2005).
While a comparison of data from one large tropical plot
with pooled data from many small temperate plots is not
ideal, all qualifying temperate plots were one to two
orders of magnitude smaller than the BCI plot, requiring
pooling to accumulate the tens of thousands of trees
needed for analysis. (Conversely, otherwise qualifying
tropical data sets comprising many small plots lack the
rich depth of relevant background information and life-
history data associated with the BCI plot.) In spite of the
wide range of latitudes and elevations spanned by the
Paciﬁc States plots (Appendix B), individually those
plots’ mortality rates were low compared to that of BCI
(cf. Stephenson and van Mantgem 2005, van Mantgem
et al. 2009), and their combined data were dominated by
only six species.
The BCI plot contains .300 free-standing woody
species with dbh  1 cm (Condit et al. 1996b). BCI’s
climate, soils, forest structure, dynamics, species diver-
sity, and ﬂoristics are not exceptional among tropical
forests (Leigh 1999, Losos and Leigh 2004, Muller-
Landau et al. 2006a, b). BCI has a dry season of about
four months; normally about 10% of the canopy is
deciduous at peak leaf loss. Over a period of a few
decades, annual community-wide mortality ranged from
1.7% to 2.8% (depending in part on minimum dbh
analyzed [Putz and Milton 1996, Condit et al. 1999]; e.g.,
E. Leigh, personal communication), averaging roughly
2.1%: somewhat higher than the global average of 1.7%
for tropical forests, but well within the range of typical
values (data from Stephenson and van Mantgem 2005).
Sheil and Burslem (2003) argued that the BCI plot may
still be recovering from centuries-old (or even more
recent) disturbances; however, it probably has not
experienced broad-scale, stand-replacing disturbance in
.1000 years (Leigh et al. 2004). Muller-Landau et al.
(2006b) found that the size structure of the BCI forest is
close to dynamic equilibrium. Estimated aboveground
NPP at BCI is 18 Mg ha
 1 yr
 1 (Chave et al. 2003).
The Paciﬁc States plots are dominated by evergreen
conifers (Appendix B), with six species comprising 77%
of trees (nomenclature follows Hickman 1993): Tsuga
heterophylla (western hemlock; 22%), Abies concolor
(white ﬁr; 16%), A. amabilis (Paciﬁc silver ﬁr; 12%), A.
magniﬁca (red ﬁr; 10%), Pseudotsuga menziesii (Douglas
ﬁr; 9%), and Calocedrus decurrens (incense cedar; 8%).
None of the remaining 27 species comprises .4% of
trees, and the 11 angiosperm species collectively account
for only 5%. The plots experience warm, dry summers
and cold, wet winters typically dominated by snow.
Climate, soils, and forest structure are described
elsewhere (Franklin and Dyrness 1973, Barbour and
Major 1977, Waring and Franklin 1979). The plots have
not experienced stand-replacing disturbance in at least
200 years, and usually much longer (estimated by
counting rings on increment cores or nearby stumps,
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Additionally, we excluded plots experiencing ﬁre,
avalanche, or major ﬂood during their measurement
periods. From 1972 through 2004, annual mortality rate
averaged across the plots (excluding trees ,5c mi n
diameter) ranged from 0.4% to 1.5%, with a mean of
1.0% for the entire period: somewhat lower than the
global average of 1.2% for all temperate forest types
combined, and somewhat higher than the average of
0.7% for temperate gymnosperm forests (data from
Stephenson and van Mantgem 2005). Although mortal-
ity rates in the Paciﬁc States have increased through time
(perhaps due to regional warming; van Mantgem et al.
2009), values have remained below those at BCI.
Estimated aboveground NPP in old forests of the Paciﬁc
States (;5–13 Mg ha
 1 yr
 1 [data from Harmon et al.
2004, Van Tuyl et al. 2005, Hudiburg et al. 2009]) is
lower than that at BCI.
Data and analysis
For all plots, we used the three most recent censuses
available at the time of our analyses, referred to as
censuses 1, 2, and 3 (Appendix B). Using standard
approaches, data from censuses 1 and 2 were used to
calculate tree growth rates, and data from censuses 2
and 3 to calculate subsequent mortality rates (Appendix
C). We deﬁned three diameter growth-rate classes ( 2t o
,2, 2 to ,6, and 6 to 40 mm/yr) and three size classes (5
to ,15, 15 to ,50, and  50 cm dbh), for a total of nine
GS groups (Appendix C).
To provide a simple deﬁnition of canopy and
subcanopy species for both forest types, we deﬁned
subcanopy species as those that had no individual  50
cm dbh at census 2. This gave a classiﬁcation of BCI
species comparable to a separate classiﬁcation based on
maximum adult tree height (Welden et al. 1991), with
only 5% of trees being classiﬁed differently by the two
approaches.
For BCI, we used Condit et al.’s (1995; see Welden et
al. 1991) ‘‘colonizing index’’ as a measure of shade
tolerance relative to sympatrics; shade-intolerant species
were deﬁned as those with  30% of recruitment found in
forest gaps. The index is strongly correlated with species’
mean growth and mortality rates (Condit et al. 1996a),
traits that commonly covary along the shade-tolerance
continuum. We dropped from analysis the 9% of BCI
trees belonging to rare species for which no shade-
tolerance classiﬁcation was available. Overall mortality
rate and canopy/subcanopy proportions of these un-
classiﬁed trees did not differ greatly from those of the
remaining, classiﬁed trees (Appendix C), suggesting that
unclassiﬁed trees did not represent a strongly demo-
graphically biased subset of BCI trees.
For the Paciﬁc States, shade-intolerant species were
those classiﬁed by Burns and Honkala (1990) as
‘‘intolerant’’ and ‘‘very intolerant’’ of shade; the
remaining species were classiﬁed as shade tolerant.
(For four minor species not classiﬁed by Burns and
Honkala, we referred to Sudworth [1967].) Thus the
Paciﬁc States tolerance classiﬁcations ultimately were
based on a number of experimental studies by different
investigators, and consensus expert opinion. Although
the approaches used to deﬁne shade tolerance relative to
sympatrics differed between BCI and the Paciﬁc States,
the difference should not greatly affect our case study.
As is typical in old forests globally, at both BCI and the
Paciﬁc States trees belonging to shade-intolerant species
have low relative abundances (,10%) and thus relatively
small effect on community-level mortality rates in either
forest.
We used Eqs. 1 and 2 to determine relative
contributions of differences in LH-group proportions
and LH-group-speciﬁc mortality rates to the difference
in mortality rates between the forests (Appendix A), and
to determine the relative contributions of differences in
GS-group proportions and GS-group-speciﬁc mortality
rates to differences in LH-group-speciﬁc mortality rates.
Signiﬁcance of differences in proportions of trees
belonging to different groups were calculated using
Fisher’s exact test for the contingency table of numbers
of trees alive at census 2, by forest type (BCI or Paciﬁc
States). Signiﬁcance of differences in mortality rates
were calculated using Fisher’s exact test for the
contingency table of numbers of trees by survival status
at census 3 (alive or dead) and forest type.
Proximate causes of BCI’s higher mortality rate
Differences in LH-group proportions and LH-group-
speciﬁc mortality rates.—The two forests differed
strongly in their LH-group proportions (Fig. 3). While
the vast bulk of Paciﬁc States trees belonged to shade-
tolerant canopy species (94%), only one third of BCI
trees did. Most of the remaining BCI trees belonged to
shade-tolerant subcanopy species (57%), a group that
was virtually absent from the Paciﬁc States (1%). Trees
belonging to shade-intolerant species were relatively
minor components of both forests; however, by our
classiﬁcations they were slightly more abundant at BCI
than the Paciﬁc States (9% and 6%, respectively).
Among LH groups at BCI, trees belonging to shade-
tolerant canopy species had the lowest mortality rate,
those belonging to shade-intolerant canopy and shade-
tolerant subcanopy species were intermediate (and
statistically indistinguishable by Fisher’s exact test; P ¼
0.13), and those belonging to shade-intolerant subcano-
py species had the highest mortality rate (Fig. 3). In
contrast, in the Paciﬁc States, mortality rates of trees
belonging to shade-tolerant and shade-intolerant cano-
py species showed no detectable difference (P ¼ 0.29),
though both groups had signiﬁcantly lower mortality
rates than Paciﬁc States trees belonging to shade-
tolerant subcanopy species (P , 0.001). No Paciﬁc
States comparison of mortality rates that included
shade-intolerant subcanopy species was signiﬁcant,
almost certainly due to the extremely small sample of
trees in this LH group (Table 1).
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tolerant and intolerant, had higher mortality rates at
BCI than the Paciﬁc States (P , 0.0001; Fig. 3). In
contrast, no signiﬁcant difference was found in mortality
rates of trees belonging to subcanopy species (tolerant or
intolerant) between the forests (P   0.10), probably due
to small Paciﬁc States samples (Table 1).
BCI’s community-wide mortality rate was twice that
of the Paciﬁc States (2.22 and 1.10% per yr, respectively;
P , 0.0001). BCI’s higher mortality rate could be
attributed both to differences in LH-group proportions
(mostly due to BCI’s much greater relative abundance of
trees belonging to subcanopy species) and BCI’s higher
LH-group-speciﬁc mortality rates (at least in canopy
species, which had large enough samples to meaningfully
compare BCI and the Paciﬁc States); each accounted for
roughly one half of BCI’s higher mortality rate (54% and
46%, respectively). However, in light of the broad
conﬁdence intervals on mortality rates for Paciﬁc States
subcanopy species, precise values of the relative contri-
butions should be viewed with caution.
Causes of differences in LH-group-speciﬁc mortality
rates.—Because LH-group-speciﬁc mortality rates of
subcanopy species did not differ signiﬁcantly between
the two forests (almost certainly due to the small sample
size for trees belonging to subcanopy species in the
Paciﬁc States), we determined proximate causes of the
differences in LH-group-speciﬁc mortality rates only for
canopy species. For both the between-forest compari-
sons of shade-tolerant canopy species and of shade-
intolerant canopy species, the higher LH-group-speciﬁc
mortality rates at BCI were entirely a consequence of
higher GS-group-speciﬁc mortality rates (Table 2).
Differences in GS-group proportions between the forests
acted to diminish, not enhance, differences in LH-group-
speciﬁc mortality rates between the forests (Table 2).
Within each of the two canopy LH groups, BCI had
signiﬁcantly smaller proportions of slowly growing and
greater proportions of rapidly growing trees than the
Paciﬁc States (P   0.0002; Table 2).
For either shade-tolerant or shade-intolerant canopy
species, mortality rate in any given GS group was always
higher at BCI than in the Paciﬁc States (Figs. 4 and 5).
The probability that this is a chance occurrence (i.e.,
mortality rates in one forest type coincidentally exceeds
those of the other in all 18 GS-group comparisons) is
quite small: P ¼ (1/2)
17 ¼ 0.000008. Individually, seven
of the nine GS-group comparisons for shade-tolerants
were signiﬁcant by Fisher’s exact test (P , 0.05); four
were signiﬁcant for shade-intolerants (Figs. 4 and 5).
Ultimate causes of BCI’s higher mortality rate
Major contribution from canopy/subcanopy propor-
tions.—BCI’s much greater relative abundance of trees
belonging to subcanopy species (Fig. 3) may ultimately
be a consequence of its more productive environment
(see Hypothesized ultimate causes), and accounted for
about one half of its 1.1% per yr higher community-wide
mortality rate. BCI’s subcanopy species have a higher
overall mortality rate than its canopy species for two
proximate reasons: they have proportionally more
slowly growing individuals (which experience elevated
mortality rates relative to faster-growing trees), and
especially because they have higher mortality rates
within all growth-rate and size classes of trees (data
not shown). The former is consistent with a diversion of
resources from growth toward reproduction (Silvertown
FIG. 3. Mortality rates and proportions of trees in each of
the four combinations of life-history (LH) groups at the
temperate Paciﬁc States (white bars) and tropical BCI (gray
bars). For mortality rates, the binomial 95% conﬁdence
intervals are based on number of dead trees at census 3 and
number of living trees at census 2 for that particular LH group.
Mortality rates differ signiﬁcantly between California, Oregon,
and Washington, USA (Paciﬁc States) and Barro Colorado
Island, Panama (BCI) for both shade-tolerant and shade-
intolerant canopy species (P , 0.0001, Fisher’s exact test), but
not for shade-tolerant and shade-intolerant subcanopy species
(P . 0.05, indicated by ‘‘NS’’). The broad conﬁdence intervals
on mortality rates for Paciﬁc States subcanopy species is a
consequence of small sample sizes (Table 1). For proportions,
binomial conﬁdence intervals are based on number of living
trees in the LH group and total number of living trees in the
particular forest, both at census 2. Total numbers of living trees
in the forests are so large that conﬁdence intervals for
proportions are vanishingly small, and proportions differ
signiﬁcantly for each pair of bars (P , 0.0001, Fisher’s exact
test).
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Sand Dodd 1999, Turner 2001, Kohyama et al. 2003),
thereby slowing growth relative to canopy species of the
same size (which may delay reproduction until they
reach canopy height). The latter may result from an
additional diversion of resources, from defenses toward
reproduction (Loehle 2000, Obeso 2002).
Minor contribution from tolerant/intolerant propor-
tions.—Mortality rates of large trees are higher at BCI
than in the Paciﬁc States (Figs. 4 and 5). All else being
equal, this should lead to a higher gap formation rate at
BCI, providing more opportunities for recruitment of
trees belonging to shade-intolerant species. However,
the density of large trees ( 50 cm dbh) at BCI is only
one fourth that in the Paciﬁc States (see Discussion),
meaning fewer large trees are available to fall and create
gaps. The nominal net effect of these opposing patterns
was that BCI had a somewhat greater proportion of
trees belonging to shade-intolerant species than the
Paciﬁc States (Fig. 3), though the difference could be an
artifact of the different local shade-tolerance classiﬁca-
tions used in the two forests. Regardless, because shade-
intolerants comprise relatively small proportions of trees
in either forest, the higher proportion at BCI contributes
only slightly to the higher community-wide mortality
rate there.
While BCI trees exhibited the expected pattern of
higher mortality rates among shade-intolerant than
shade-tolerant species, the difference was negligible
(and statistically insigniﬁcant) in the Paciﬁc States. This
unexpected outcome might have resulted either from
small sample sizes or from the origin of the Paciﬁc States
data in numerous widely distributed plots. Regarding
the latter, several of the shade-intolerant species were of
the genus Pinus, which, compared to most other Paciﬁc
States species, is more often found on low-productivity
sites (e.g., Stephenson 1998). Trees on low-productivity
sites generally have lower mortality rates than those on
high-productivity sites (Stephenson and van Mantgem
2005), potentially obscuring any difference in mortality
rates between shade intolerants and tolerants when data
from all plots were combined.
No apparent contribution from competition.—Of the
ﬁve hypotheses potentially explaining higher LH-group-
speciﬁc mortality rates at BCI (location 4 in Fig. 2), we
can with reasonable conﬁdence eliminate the competi-
tion hypothesis. The competition hypothesis is unique in
that higher LH-group-speciﬁc mortality rates are solely
a consequence of increased proportions of slowly
growing (suppressed) trees; they are not even partly
the result of higher GS-group-speciﬁc mortality rates
(see Background and theory). However, our comparisons
clearly showed the opposite pattern (Table 2). Even
when the entire population of BCI trees (including all
subcanopy species, with their high proportion of slowly
growing trees) was compared to the entire population of
Paciﬁc States trees, BCI’s higher community-wide
TABLE 1. Numbers of living trees, dead trees, and species used in the case study, by life-history group and forest.
Life-history group
Number of living trees at census 2 Number of dead trees at census 3 Number of species
BCI PS BCI PS BCI PS
Shade-tolerant canopy 14 915 23 859 1164 1392 17 18
Shade-intolerant canopy 2047 1405 243 72 26 7
Shade-tolerant subcanopy 25 037 175 2699 22 86 7
Shade-intolerant subcanopy 2107 22 401 1 20 1
Total 44 106 25 461 4507 1487 149 33
Note: Key to abbreviations: BCI, Barro Colorado Island, Panama; PS, Paciﬁc States (California, Oregon, and Washington,
USA).
TABLE 2. Between-forest comparisons of comparable life-history (LH) groups.
Comparison
Absolute difference
in mortality rates
Proximate causes
Differences in proportions
of trees that are:
Proportions
(%)
Mortality
(%)
Growing
slowly (%)
Growing
rapidly (%)
BCI tolerant canopy (1.68% per year) vs.
PS tolerant canopy (1.18% per year)
þ0.50% per year  28 þ128  4 þ142
BCI intolerant canopy (2.60% per year) vs.
PS intolerant canopy (1.32% per year)
þ1.28% per year  19 þ119  26 þ260
Notes: Deﬁnitions: Growing slowly, diameter growth rate of  2 to 2 mm/yr; growing rapidly, 6 to 40 mm/yr. Values in the
columns under ‘‘Proximate causes’’ show the percentage of the absolute difference in LH-group-speciﬁc mortality rates between the
two forests (preceding column) that can be attributed to differences, respectively, in GS-group proportions and GS-group-speciﬁc
mortality rates. Values in the columns under ‘‘Differences in proportions of trees that are:’’ show the relative percentage difference
in proportions of trees in the indicated growth-rate classes at BCI relative to the Paciﬁc States; the differences expressed in these
columns are statistically signiﬁcant (Fisher’s exact test, P , 0.0002). Absolute differences in LH-group-speciﬁc mortality rates
differ somewhat from those shown in Fig. 3 because trees from Oregon and Washington that were ,5 cm dbh at census 1 could not
be included (Appendix C). Both of the absolute differences between forests in LH-group-speciﬁc mortality rates were statistically
signiﬁcant (P , 0.0001).
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GS-group-speciﬁc mortality rates, not differences in GS-
group proportions. Conversely, in the Paciﬁc States,
proportionally more trees suffer the elevated probability
of mortality associated with slow growth than at BCI.
An interesting corollary is that, at least for the tree size
classes we examined ( 5 cm in diameter), competition
may be a relatively more important source of tree
mortality in the Paciﬁc States than at BCI, contrary to
some theoretical expectations (cf. Goldberg et al. 1999,
Grime 2001).
Apparently major contribution from enemies and little
or none from broad-scale growth–defense or reproduc-
tion–persistence trade-offs, but evidence is limited.—
Three of the remaining hypotheses invoke two distinct
mechanisms leading to increased GS-group-speciﬁc
mortality rates (locations 7 and 8 in Fig. 2): increased
pressure by herbivores, pathogens, and agents of decay
(the enemies hypothesis), or decreased defenses or
structural integrity (the growth–defense and reproduc-
tion–persistence hypotheses). We ﬁrst examine enemies,
then defenses.
During typical conditions in old forests of the Paciﬁc
States, leaf area loss to folivory is quite low, averaging
;0–2% among gymnosperm species (Schowalter 1989,
1995, Shaw et al. 2006). Within the California subset of
our Paciﬁc States plots (in which trained ﬁeld personnel
have taken detailed notes on the pathology of each tree
FIG. 4. Mortality rates and proportions of trees belonging to shade-tolerant canopy species, by growth-rate and size classes (GS
groups), at the Paciﬁc States (white bars) and BCI (gray bars). Each of the nine GS groups is deﬁned by size class (5 to ,15, 15 to
,50, and  50 cm in diameter at breast height) and growth rate (1, 2, and 3 indicating, respectively, diameter growth rates of 2t o
,2, 2 to ,6, and 6 to 40 mm/yr). Binomial 95% conﬁdence intervals are as in Fig. 3. For any given GS group, mortality rate is
higher at BCI than in the Paciﬁc States; the difference is signiﬁcant for seven of the nine pairwise comparisons (P , 0.05, Fisher’s
exact test; ‘‘NS’’ indicates the nonsigniﬁcant comparisons). Proportions differ signiﬁcantly for all GS groups (lower panel).
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been attributed directly to defoliation. Folivory, usually
of limited extent and occurring one to several years
before tree death, was recorded as a possible indirect
contributing factor in only an additional 2% of tree
deaths. Since an individual tree’s defoliation often must
exceed 30%, an amount easily observed by ﬁeld
personnel, before a noticeable increase in probability
of mortality occurs (Wickman 1963, Dobbertin and
Brang 2001), it is unlikely that we have underestimated
the role of folivory when we conclude that its
contribution to tree mortality in our Paciﬁc States plots
is, at best, minor.
Average leaf loss to folivory at BCI and vicinity is
higher, with estimates ranging from 4% to 21% or more
(Coley 1996, Leigh and Windsor 1996, Leigh 1999:166,
Van Bael et al. 2004, Van Bael and Brawn 2005, Kalka
et al. 2008). At least some of BCI’s greater folivory is a
consequence of leafcutter ants (Leigh and Windsor 1996,
but see Barone 2000), a defoliator not found in the
Paciﬁc States. In addition to folivory, pathogens
contribute substantially to leaf area loss at BCI (Coley
and Barone 1996, Barone 1998), and the photosynthetic
capacity of the remaining leaf area can be signiﬁcantly
reduced by epiphylls (mostly lichens) (Coley et al. 1993,
Coley and Kursar 1996). (While we lack quantitative
FIG. 5. Mortality rates and proportions of trees belonging to shade-intolerant canopy species, by growth-rate and size classes
(GS groups), at the Paciﬁc States (white bars) and BCI (gray bars). Axes and binomial 95% conﬁdence intervals are as in Fig. 4. For
any given GS group, mortality rate is higher at BCI than in the Paciﬁc States; the difference is signiﬁcant for four of the nine
comparisons (at P , 0.05, Fisher’s exact test; ‘‘NS’’ indicates the nonsigniﬁcant comparisons). Proportions differ signiﬁcantly for
all but two GS groups (lower panel).
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epiphylls in our Paciﬁc States plots, our observations
indicate it is much lower.) Agricultural species host, on
average, ten times more diseases when grown in tropical
rather than temperate climates (Wellman 1968; see also
Gilbert 2005), consistent with the possibility that BCI’s
high leaf pathogen load is at least partly an intrinsic
function of the environment. However, even though
high endemic levels of leaf loss at BCI can contribute
substantially to seedling mortality (e.g., Howe 1990),
effects on the larger trees of our case study remain
unclear. For example, during a defoliator outbreak in
one of BCI’s most abundant canopy species (Quararibea
asterolepis, comprising 2% of trees in our BCI data set)
about half of the trees experienced .30% crown
defoliation and 20% experienced .90% defoliation
(Wong et al. 1990), yet mortality rate of the species
was not discernibly affected in the subsequent census
interval (Condit et al. 1995).
Under typical conditions, the overwhelmingly domi-
nant biotic agents of tree mortality in the Paciﬁc States
are the insects and pathogens that attack tree boles and
roots, not foliage (e.g., Ferrell 1996, Hansen and
Goheen 2000, Hawkins and Henkel 2011). For example,
bark beetles (subfamily Scolytinae) directly or indirectly
contributed to nearly half of all tree mortality in our
intensively studied California plots. Fungal pathogens of
boles and roots (such as Armillaria) were recorded as
contributing to 27% of tree deaths. The latter value
almost certainly underestimates the actual importance of
pathogens; for example, we suspect that many of our
trees that died without discernable signs or symptoms
nonetheless suffered from root pathogens.
Although we are unaware of comparably intensive
community-wide analyses of biotic agents of tree
mortality at BCI or in other tropical forests, it is clear
that, as in the Paciﬁc States, biotic attacks on boles and
roots are an important source of tropical tree mortality.
Bark beetles are more diverse and can have broader host
ranges in tropical than in temperate forests (Beaver
1979). Tropical bark beetles and other bole-feeding
invertebrates (such as wood borers and termites, the
latter being particularly abundant in the tropics
[Cornwell et al. 2009]) can cause extensive damage and
contribute substantially to tropical tree mortality (Bult-
man and Southwell 1976, Apolina ´ rio and Martius 2004,
Nair 2007, Werner and Prior 2007). Although fungal
and other pathogens of boles and roots have been poorly
studied in the tropics (Gilbert 2005, Garcı´a-Guzma ´ n and
Morales 2007), it is evident that they, too, contribute to
tree mortality at BCI (e.g., Gilbert et al. 1994, Mangan
et al. 2010). In the BCI plot, a survey of 869 randomly
selected trees of ten species showed that 7% of living
trees had fruiting bodies of wood-decaying polypore
fungi on their boles (Gilbert et al. 2002). In contrast, in
our intensively studied California plots only 0.3% of
living trees showed fruiting bodies of any native fungi.
(This contrast would likely have been even more
dramatic if, like our California data, the BCI data had
included all native fungi, not just polypores.) While
these last observations do not prove that a greater
proportion of trees suffer pathogenic fungal attack at
BCI than in the Paciﬁc States (because not all fungi—
polypore or otherwise—are pathogenic, and not all trees
infected by fungi show visible fungal fruiting bodies),
they are certainly suggestive. Finally, two years after the
boles of Bolivian humid forest trees of seven species
(including three that produced abundant latex) were
experimentally wounded, ;99% of trees showed decay
in the wounds (Romero and Bolker 2008). In contrast,
decay was found in only one half of bole wounds
averaged over six of our Paciﬁc States gymnosperm
species (Vasiliauskas 2001), even though the wounds
were generally orders of magnitude larger and much
older, providing greater opportunities for fungal infec-
tion. We therefore expect that bole wounds, a frequent
consequence of falling trees and limbs in both tropical
and temperate forests, become sites of decay more
rapidly and in a greater proportion of wounded trees at
BCI than in the Paciﬁc States.
Comparisons of the rates, not just incidence, of wood
and root decay provide further insights, because higher
decomposition rates (1) may lead to higher tree
mortality rates due to accelerated structural weakening
and failure (e.g., Loehle 1988, McCarthy 2001, Larson
and Franklin 2010), and (2) may more generally reﬂect
environmental favorability to higher attack rates by
other plant enemies. For several common gymnosperms
of our Paciﬁc States plots, the half-life of dead trees (the
time for half of the original bole mass to decay) ranges
from 14 to 230 years, averaging .80 years (Harmon et
al. 1986). The half-life of dead trees in moist neotropical
forests is more than an order of magnitude less, ranging
from ,1 to 69 years and averaging only four to six years
(Chambers et al. 2000, van Geffen et al. 2010, He ´ rault et
al. 2011). At BCI, it is not uncommon for large dead
trees to have half-lives of ,1.5 years (Lang and Knight
1979), and some large trees die and decompose
completely during the ﬁve years between censuses
(Condit et al. 1995). Similarly, root decomposition rates
are much higher in tropical than in temperate latitudes
(Silver and Miya 2001). Some of these differences in
decomposition rates may be related to differences in
wood properties; when exposed to a common environ-
ment, gymnosperm wood decomposes at roughly half
the rate of angiosperm wood (perhaps due to gymno-
sperms’ lower nutrient and higher lignin contents,
differences in ﬁne wood structure, etc. [Cornwell et al.
2009, Weedon et al. 2009]). However, broad-scale
studies using standard wood and root substrates still
show much more rapid decomposition in tropical than
in temperate environments (Wong et al. 2004, Parton et
al. 2007, Gonza ´ lez et al. 2008; M. E. Harmon, B. Fasth,
H. Chen, W. J. Parton, J. Sexton, I. C. Burke, W. S.
Currie, and Long-term Intersite Decomposition Exper-
iment Team, unpublished manuscript), and indicate that
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decomposition rates is a consequence of the environ-
ments themselves, not differences in wood or root
properties.
Turning to defenses, we note that most studies
comparing tropical and temperate defenses have focused
on leaves, and their interpretation has been confounded
by at least two issues. First, leaves generally conform to
a global leaf economics spectrum ranging from short-
lived, poorly defended leaves to long-lived, well-defend-
ed leaves (Coley et al. 1985, Reich et al. 1997, 1999
Wright et al. 2004). However, leaf lifespan varies by
nearly two orders of magnitude within latitudinal zones:
much greater than its variation between latitudinal
zones (e.g., Wright et al. 2005). Studies that do not
control for leaf lifespan therefore risk obscuring any
latitudinal variation in defenses with variation due to
differences in leaf lifespans. (Indeed, the lower folivory
rates observed in the Paciﬁc States might partly be a
consequence of greater defenses associated with the
longer leaf lifespans of the dominant species there.) A
large global study and a global meta-analysis that did
not control for leaf lifespans found no clear latitudinal
trend in defenses (Moles et al. 2011a, b), whereas an
earlier comparison of leaves of comparable lifespans
found that tropical leaves were much better defended
than temperate leaves (Coley and Aide 1991). Second,
an implicit assumption in many studies is that leaf
defenses reﬂect whole-plant defenses. At least for trees,
however, the strength of leaf defenses may have little
relation to the strength of bole or root defenses (cf.
Chave et al. 2009a, Baraloto et al. 2010). Because the
biotic agents of tree mortality predominantly appear to
be those that attack boles and roots, not leaves (see the
preceding paragraphs), we conclude that regardless of
the potentially confounding issue of leaf lifespans, our
ability to distinguish among the hypotheses is almost
certainly better served by examining bole and root
defenses (cf. Loehle 1988, Poorter et al. 2008).
However, data allowing comparisons of bole and root
defenses between tropical angiosperms and temperate
gymnosperms are quite limited (e.g., see Chave et al.
2009a, van Dam 2009). On the one hand, bole wood of
gymnosperms may be better protected than that of
angiosperms by having lower nutrient and higher lignin
contents, different lignin chemistry, and a wood
structure less favorable to fungal growth (Cornwell et
al. 2009, Weedon et al. 2009). Similar trait differences
may also occur in roots (e.g., Silver and Miya 2001).
Collectively, however, these traits are unlikely to be
indicative of broad-scale growth–defense or reproduc-
tion–persistence trade-offs (location 8 in Fig. 2);
gymnosperm wood is less dense than angiosperm wood
and is thus almost certainly cheaper to make per unit
volume (Weedon et al. 2009). On the other hand, BCI
heartwood may contain higher average concentrations
of chemical defenses, as indicated by heartwood color
(cf. Chave et al. 2009a); red or brown heartwood is more
common in BCI taxa (species or genera) than in the
Paciﬁc States taxa, and white or gray heartwood is less
common (Leavengood 1998, Wheeler et al. 2007 [Inside-
Wood database]). (In fact, the dominant taxa in our
Paciﬁc States data disproportionately include those with
white or gray heartwood, particularly Abies.) At least
among the dicotyledonous angiosperms, silica bodies
and crystals (such as calcium oxalate) are more common
in tropical than in temperate woods (Wheeler et al.
2007), perhaps indicating enhanced defenses in the
tropics (cf. Hudgins et al. 2003); however, we are
unaware of comparable comparisons that include
gymnosperms. Although we are also unaware of
quantitative comparisons of resin and latex defenses
between tropical and temperate forests, such defenses
are common in both (e.g., Guariguata and Gilbert 1996,
Turner 2001:73, Franceschi et al. 2005). Finally, in
common-environment trials in Puerto Rico, heartwood
from 43 angiosperm taxa found at BCI showed no
difference in mean resistance to the dry-wood termite
Cryptotermes brevis compared to heartwood from seven
gymnosperm taxa found in the Paciﬁc States (P¼0.53, t
test; data from Wolcott [1950]), suggesting no net
difference in defenses against wood-boring inverte-
brates.
While much further work is needed, we believe the
weight of available evidence favors the enemies hypoth-
esis over the growth–defense and reproduction–persis-
tence hypotheses (locations 7 and 8 in Fig. 2). Rates of
biotic attack appear to be intrinsically higher at BCI and
other moist tropical forests than in the Paciﬁc States,
and those higher attack rates are likely a consequence of
the tropical forests’ greater favorability to plant enemies
(presumably through elevated humidity and year-round
warmth; cf. Givnish 1999, Gilbert 2005). While the
limited data on latitudinal differences in defenses are
equivocal, we ﬁnd no clear indication that defenses are
substantially reduced at BCI compared to the Paciﬁc
States. Even if further study were to reveal that tropical
angiosperm wood is intrinsically more susceptible to
biotic attack than temperate gymnosperm wood (a
between-latitude comparison that, to our knowledge,
has rarely been made [cf. Wolcott 1950]), the difference
(1) would not be enough to account for the much higher
attack rates in the tropics (e.g., as indicated by studies
that transported standard wood and root substrates
between latitudes), and (2) would probably not be
indicative of growth–defense or reproduction–persis-
tence trade-offs (since gymnosperm wood is less dense
and thus almost certainly cheaper rather than more
costly to make per unit volume than angiosperm wood).
Apparently little or no contribution from growth–
hydraulic-safety trade-offs, but evidence is limited.—To
the extent that environments prone to prolonged
droughts or freezing temperatures limit potential for
productivity, the ﬁrst of the conditions postulated by the
growth–hydraulic-safety hypothesis (i.e., that more
productive environments select for more efﬁcient tree
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tree growth) seems likely to be met. Stressful environ-
ments often select for, among other things, species with
xylem conduits that are more resistant to drought- or
freezing-induced embolism (e.g., Hacke and Sperry
2001, Maherali et al. 2004, Sperry et al. 2008). These
safer hydraulic architectures, in turn, sometimes (but
not always) limit whole-tree water conductance and
therefore potential for growth (Maherali et al. 2004,
Sperry et al. 2008, Poorter et al. 2010, Russo et al. 2010).
Indeed, estimated whole-tree water conductance in a
number of Panamanian angiosperms substantially ex-
ceeds that of Paciﬁc States gymnosperms (Meinzer et al.
2005, McCulloh et al. 2010).
However, very few studies have shed light on whether
the more efﬁcient hydraulic architectures found in
benign environments contribute to higher mortality
rates in those environments. Three points are particu-
larly relevant. First, the apparently safer but less
efﬁcient hydraulic architectures found in some stressful,
unproductive environments do not necessarily mean that
trees in those environments experience less hydraulic
failure than those in productive environments. For
example, twigs of some conifers growing at the cold
alpine treeline may regularly experience up to 100% loss
of conductivity due to winter embolism, much of which
is subsequently repaired (Mayr et al. 2006). Species with
the safest hydraulic architecture can experience the
greatest, not the least, hydraulic failure during drought
because they do a poor job of regulating water loss
through stomatal control (Hoffmann et al. 2011).
Second, it is not yet known whether, in any forest
experiencing the typical (non-extreme) climatic condi-
tions that are the topic of this paper, hydraulic failure is
a signiﬁcant contributor to tree mortality relative to
other causes. (Even the relative contribution of hydrau-
lic failure to tree mortality during extreme drought
remains unclear [e.g., McDowell et al. 2008, Brodribb
and Cochard 2009, Sala et al. 2010, Hoffmann et al.
2011, McDowell 2011].) Trees across a broad range of
environments exhibit a variety of mechanisms for
avoiding or repairing conduit embolism under condi-
tions typical of those environments (Hacke and Sperry
2001, Johnson et al. 2009, Meinzer et al. 2009). Finally,
the only two studies of which we are aware that directly
correlated tree mortality rates to aspects of their
hydraulic architecture under apparently typical ﬁeld
conditions found no signiﬁcant correlations between the
two (Poorter et al. 2010, Russo et al. 2010). While these
two studies offer important preliminary evidence that is
inconsistent with the growth–hydraulic-safety hypothe-
sis, additional studies will likely be needed before
conﬁdent generalizations can be made.
Other factors.—Climate also appears to be responsible
for the much greater abundance of lianas (woody
climbers) in tropical than temperate forests (Schnitzer
and Bongers 2002). Trees with heavy liana loads at BCI
experience reduced growth and increased mortality rates
(Putz 1984, Ingwell et al. 2010), a consequence of
competition for both light and belowground resources
(Schnitzer and Bongers 2002, Schnitzer et al. 2005,
Ingwell et al. 2010). All else being equal, our approach
to distinguishing among the hypotheses should be
robust to determining whether competition—regardless
of its origins in lianas, free-standing trees, or both—
contributes to higher mortality rates at BCI relative to
the Paciﬁc States, and we earlier concluded that the
overall effects of competition may be greater in the
Paciﬁc States. However, the possibility remains that
infestation of tree crowns by lianas could sometimes
proceed so rapidly that the associated increase in
competition is not evident in tree growth rates calculated
for the preceding 5-year growth interval, a possibility
meriting further investigation.
Finally, we note that the higher LH-group-speciﬁc
mortality rates at BCI compared to the Paciﬁc States is
unlikely to be explained by greater mechanical stresses
on (or lesser structural integrity of) BCI trees, though
these possibilities merit further investigation. BCI is
outside of the hurricane zone; for any given location, the
return time for winds strong enough to fell  1h ao f
forest is estimated to be 1000 to 5000 years (Leigh et al.
2004). Additionally, although BCI trees can experience
heavy loads of epiphytes and lianas, trees in the Paciﬁc
States endure substantial winter snow loads. Wetter soils
at BCI might contribute to tree falls (cf. Givnish 1999),
but it is unclear whether the rate would be higher than in
the Paciﬁc States plots, especially considering that the
Paciﬁc States trees typically grow on steeper slopes
potentially subject to more erosion, rolling rocks and
logs, and snow movement. Finally, we note that average
bole wood density is roughly 40% greater for BCI
angiosperms (0.54 g/cm
3; Chave et al. 2003) than for
Paciﬁc States gymnosperms (0.38 g/cm
3; data from
Chave et al. 2009b). All else being equal, this difference
should translate into greater potential for tree death by
structural failure in the Paciﬁc States, not at BCI (cf.
King et al. 2006b, Chave et al. 2009a).
DISCUSSION
Case study
Regardless of the ultimate causes of BCI’s higher
community-wide mortality rate compared to the Paciﬁc
States, our case study yields a particularly interesting
empirical result. An assumption at the heart of
individual-based forest models is that for trees within a
given species or functional group, tree growth rate and
probability of mortality are inversely related (Fig. 6A;
Bugmann 2001, Keane et al. 2001). Our case study
suggests that, at least in some cases, the nature of this
inverse relationship may change along productivity
gradients (cf. Kobe 1996, Wunder et al. 2008). Specif-
ically, at any given growth rate a tree’s probability of
mortality can be higher in a productive environment
than in an unproductive environment (Fig. 6B). It is
thus possible for community-wide mortality rate to
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increase (cf. Laurance et al. 2009). Conversely, a higher
community-wide mortality rate does not automatically
imply that a greater proportion of trees is growing
slowly, as would be implied by the assumptions of
individual-based forest models.
As informative as this empirical result may be,
ultimately we wish to understand its causes. We
concluded that, within a given life-history group (such
as shade-tolerant canopy species), BCI’s higher mortal-
ity rate was most likely a consequence of differences in
environmental favorability to plant enemies, and not a
consequence of trait differences related to defenses,
hydraulic architecture, or wood density. However, we
cannot rule out the possibility that other trait differenc-
es, unidentiﬁed by us and potentially taxonomically
linked, could have contributed to the differences in
mortality rates. We note, however, that when angio-
sperm and gymnosperm trees grow in similar environ-
ments, their mortality rates may differ little or not at all
(Stephenson and van Mantgem 2005, Martı´nez-Vilalta
et al. 2010). This implies that any otherwise unidentiﬁed
taxonomically linked trait differences are unlikely to be
dominant contributors to the large differences in
mortality rates we observed between these tropical
angiosperm and temperate gymnosperm forests (Ste-
phenson and van Mantgem 2005).
In light of growing interest in understanding proper-
ties of plant communities in terms of plant functional
traits (e.g., McGill et al. 2006, Westoby and Wright
2006), our case study highlights two important points.
First, factors unrelated to functional or life-history traits
may contribute signiﬁcantly to broad-scale differences in
mortality rates among forest communities. For example,
environmental favorability to plant enemies appears to
be a major contributor to BCI’s higher tree mortality
rate, independent of species’ trait differences between
BCI and the Paciﬁc States. Second, a sharp distinction
sometimes must be made between the alpha (within-
community) and beta (among-community) contribu-
tions of species’ traits to mortality rates (cf. Ackerly and
Cornwell 2007). In particular, relationships between
species traits and mortality rates that are found within a
forest community may not hold between forest commu-
nities. For example, the high resource availability found
in gaps within forest communities tends to favor species
expressing a relatively predictable suite of traits associ-
ated with shade intolerance (see Background and theory);
those traits generally include low wood density and
reduced defenses, and are associated with high mortality
rates relative to other species in the community. In
contrast, the between-community comparison between
BCI and the Paciﬁc States suggested that although the
high-resource environment at BCI was indeed associated
with higher mortality rates, species at BCI had higher
bole wood density and may not have been any less well
defended than those in the Paciﬁc states: a pattern
differing from that seen within communities.
Possible generalizations about mechanisms
Our synthesis of the literature, coupled with results of
our case study, leads us to conclude that of our seven
hypothesized mechanisms, at least four are likely to
contribute to geographic variation in background tree
mortality rates. We further conclude that the relative
importances of these four mechanisms at least partly
depend on whether differences in site potential for forest
productivity are determined climatically or edaphically
(Table 3). Speciﬁcally, one mechanism (enemies) may
most commonly dominate along climatic productivity
gradients; two (growth–defense trade-offs and competi-
tion) may most commonly dominate along edaphic
productivity gradients, and one (canopy/subcanopy
proportions) may occur on both. This proposed
FIG. 6. Relationships among tree growth rate, site potential
for productivity, and probability of tree mortality. (A)
Contemporary individual-based forest models assume that,
for trees within a given species or functional group, tree growth
rate and probability of mortality are inversely related. (B)
Concepts and results we have presented suggest that, at least in
some cases, the nature of this inverse relationship may change
along productivity gradients. Speciﬁcally, at any given growth
rate, a tree’s probability of mortality can be higher in a
productive environment than in an unproductive environment.
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productivity gradients may largely be a consequence of
plant enemies responding more strongly to climatic than
to edaphic gradients.
Mechanisms along climatic productivity gradients.—
Along latitudinal climatic gradients, we propose that the
two dominant mechanisms identiﬁed in our case study
might dominate more generally, contributing to higher
mortality rates in tropical than temperate forests at
broad scales. Available evidence indicates that, globally,
tropical forests have a greater relative abundance of
trees belonging to subcanopy species than do temperate
forests, and that subcanopy species usually have higher
mortality rates than canopy species (see Background and
theory). Although consensus is currently lacking regard-
ing the nature of latitudinal gradients in herbivory and
defenses (e.g., see the conﬂicting conclusions of recent
reviews and analyses in Schemske et al. [2009] and Moles
et al. [2011a, b]), we propose that at least some of the
lack of consensus is a consequence of most studies
having focused on leaves, so that patterns related to leaf
lifespan may confound those related to latitude (see
Ultimate causes of BCI’s higher mortality rate). Al-
though much more work is needed, we further suggest
that the lines of evidence that led us to favor the enemies
hypothesis in our case study may prove to hold more
generally. On the surface, evidence favoring the enemies
hypothesis would seem to be at odds with the existing
body of evidence supporting the growth–defense hy-
pothesis (see Mechanisms along edaphic productivity
gradients) which, all else being equal, would predict
that plants in more productive tropical climates have
higher mortality rates primarily because they are more
poorly defended than those in less-productive temperate
environments. However, support for the growth–defense
hypothesis comes from soil fertility and light gradients
within latitudinal (climatic) zones, not from climatic
gradients spanning latitudinal zones (Endara and Coley
2011). Thus, evidence supporting the enemies hypothesis
carries an important implication: the greater humidity
and year-round warmth of moist tropical forests creates
conditions so favorable to plant enemies that those
enemies exert a strong selective pressure, sufﬁcient to at
least partly (if not fully) overcome the resource-driven
selection for decreased plant defenses that is otherwise
predicted by the growth–defense hypothesis (e.g., Coley
and Aide 1991, Coley and Barone 1996, Hallam and
Read 2006).
We note that in some cases, extremes of soil fertility
between latitudinal zones might lead to reversals of
expected climatically driven patterns of tree mortality.
For example, temperate angiosperm forests, which
usually occur on relatively fertile soils, have slightly
higher average mortality rates than tropical angiosperm
forests growing on infertile soils (Stephenson and van
Mantgem 2005). A possibility to be investigated is
whether the tropical angiosperms growing on infertile
soils are sometimes so much better defended than the
temperate angiosperms growing on fertile soils (cf. Fine
et al. 2004, 2006) that they more than compensate for
increased pressure from plant enemies in the tropics.
The same mechanisms implicated between latitudinal
zones may also act to varying degrees along climatic
productivity gradients within latitudinal zones. For
example, proportions of trees belonging to subcanopy
species vary relatively widely among tropical forests,
perhaps at least partly due to differences in rainfall (see
Background and theory). Plant enemies are also likely to
play a role along climatic gradients within latitudinal
zones. For example, our California data came from
evergreen gymnosperm forests arrayed along a steep
elevational gradient, along which community-wide
mortality rate increases nearly four-fold with decreasing
elevation (Stephenson and van Mantgem 2005). Differ-
ences in proportions of trees belonging to subcanopy
species cannot explain this trend; such trees are virtually
absent. Instead, the increase in community-wide mor-
tality rates parallels a signiﬁcant increase in tree deaths
attributable to insects and pathogens (Stephenson,
unpublished data), consistent with the warmer climates
at lower elevations being more favorable to plant
enemies. Similarly, levels of herbivory suffered by
herbaceous species commonly increase with decreasing
elevation (summarized in Scheidel et al. 2003), as does
wood decomposition rate (e.g., Kueppers et al. 2004). In
Panama, reciprocal transplant experiments showed that
attack by herbivores and pathogens increased along a
gradient of increasing rainfall (Brenes-Arguedas et al.
2009). Across the tropics, standard litter substrates
demonstrated that decomposition rates increased with
increasing rainfall (Powers et al. 2009).
Mechanisms along edaphic productivity gradients.—
Independent of climate, fertile soils may also favor
increased dominance by subcanopy species (see Back-
ground and theory). Thus, a relative poverty of trees
belonging to subcanopy species might sometimes con-
tribute to the substantially lower mortality rates of
TABLE 3. Proposed dominant mechanisms driving the positive correlation between tree mortality rates and forest NPP.
Class of mechanism
Cause of productivity gradient
Climatic Edaphic
Life-history trade-offs canopy/subcanopy proportions canopy/subcanopy proportions, growth–defense trade-offs
Ecological interactions enemies competition
Note: Refer to Background and theory for explanations of the mechanisms.
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et al. 2004). Additionally, at least some of the difference
in mortality rates between tropical forests growing on
fertile and infertile soils appears to be driven by a
growth–defense trade-off, with tree species found on
infertile soils growing more slowly and being better
defended than those on fertile soils (Fine et al. 2004,
2006). Thus, while we suggest that the growth–defense
hypothesis may not generally apply along climatic
gradients (because of the counteracting effects of climate
on attack rates by plant enemies, resulting in strong
selection for defenses), it may apply to forests along soil
fertility gradients within regions sharing similar cli-
mates, and thus similar potential for attack by plant
enemies (Endara and Coley 2011).
Importantly, the positive correlation between mortal-
ity rates and soil fertility often occurs not just among
species, but also within species (e.g., Eid and Tuhus
2001). Although a growth–defense trade-off conceivably
could exist between genetically distinct populations
within a species, it cannot explain the positive correla-
tion between mortality and soil fertility observed both in
fertilization experiments and in experiments that control
for (or arbitrarily plant) different genotypes (Shen et al.
2001, A ´ lvarez Gonza ´ lez et al. 2004). Instead, higher
mortality rates on the more fertile sites apparently are at
least partly a consequence of enhanced asymmetric
competition, a manifestation of the Sukatschew effect
(e.g., Turnblom and Burk 2000).
Other mechanisms.—More study is needed to deter-
mine whether the three remaining mechanisms (tolerant/
intolerant proportions, growth–hydraulic-safety trade-
offs, and reproduction–persistence trade-offs) play
dominant roles in controlling tree mortality rates, and
if so, under what circumstances. All else being equal,
forests that have high mortality rates in canopy trees
should have high rates of gap formation and therefore
more opportunities for establishment of shade-intoler-
ant species. Higher proportions of shade-intolerant
species, in turn, should lead to higher community-wide
mortality rates and therefore higher gap formation rates
(the tolerant/intolerant proportions hypothesis), poten-
tially contributing to a positive feedback process (cf.
Chao et al. 2008, 2009). However, we suspect this
mechanism is not a major contributor to broad-scale
patterns in mortality rates. Higher mortality rates also
mean that fewer trees reach sizes capable of creating
large gaps when they fall; for example, the density of
canopy trees ( 50 cm dbh) at BCI is only about one
fourth that of the Paciﬁc States. Gap formation rates are
relatively low worldwide, with median values  1% per
yr (McCarthy 2001). The limited available data suggest
that gap formation rates are higher in tropical angio-
sperm forests than in temperate gymnosperm forests
(McCarthy 2001), but rates of forest development within
gaps (and presumably succession from shade-intolerant
to shade-tolerant species) are almost certainly more
rapid in the tropics (e.g., Anderson et al. 2006). The net
effect might be that proportions of trees belonging to
shade-intolerant species are roughly comparable among
old forests and, most important, those proportions are
too small to have a major effect on community-wide
mortality rates (see Ultimate causes of BCI’s higher
mortality rate). However, further work is needed to test
this possibility.
We are unaware of existing studies capable of
shedding additional light on the reproduction–persis-
tence hypothesis. Recall that this hypothesis refers to
trade-offs found within a given life-history group across
broad productivity gradients, not to trade-offs found
between life-history groups growing sympatrically (the
latter is expressed in the canopy/subcanopy proportions
hypothesis). Using a global database, Moles et al.
(2009b) reported increasing proportions of NPP devoted
to seed production along a gradient from high to low
latitudes; however, results were not segregated by tree
life-history groups. We further note that tree growth
rates generally increase from high to low latitudes, at
least superﬁcially suggesting that any reproduction–
persistence trade-off may not be strong enough to
signiﬁcantly increase mortality through reductions in
growth and perhaps defenses. However, much more
work is needed to elucidate trade-offs among growth,
reproduction, and persistence along both climatic and
edaphic productivity gradients.
Finally, even though stressful, unproductive environ-
ments sometimes select for intrinsically safer but less
efﬁcient tree hydraulic architectures, we know of no
evidence supporting the second requirement of the
growth–hydraulic-safety hypothesis: that the more
efﬁcient hydraulic architectures found in productive
environments contribute to higher mortality rates under
conditions typical of those environments (see Ultimate
causes of BCI’s higher mortality rate). Although some
recent studies offer evidence against the second require-
ment (e.g., Poorter et al. 2010, Russo et al. 2010,
Hoffmann et al. 2011), additional studies will likely be
needed before conﬁdent generalizations can be made.
Implications of the correlation between NPP
and mortality rates
An important implication of this paper is that the
positive correlation between NPP and mortality rate
does not automatically imply that NPP itself directly
controls mortality rate. For example, our case study
suggests that the higher community-wide mortality rate
at BCI is not a consequence of enhanced asymmetric
competition induced by higher NPP; rather it is a
consequence of environmental selection for species
exhibiting certain life-history trade-offs (subcanopy
species) and, most likely, favorability to plant enemies.
Thus, tree mortality rates would still be high at BCI even
if its forest density were reduced until its NPP was lower
than that of the Paciﬁc States (cf. Ferry et al. 2010).
We propose that the higher mortality rates of trees of
all growth rates and sizes at BCI (Figs. 4 and 5), a
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Sprobable consequence of high attack rates by plant
enemies, reduce dominance by larger trees, eliminating
the possibility for enhanced asymmetric competition
relative to the Paciﬁc States (cf. Goldberg et al. 1999).
Even though tree density at BCI is about twice that of
the Paciﬁc States, the forest’s total basal area (a more
accurate index of potential for competition [Uriarte et
al. 2004, Canham et al. 2006]) is only one-third that of
the Paciﬁc States.
However, even in those cases when high mortality rate
is not a direct consequence of high NPP, mortality
undoubtedly inﬂuences NPP. Speciﬁcally, mortality
rates affect forest size structure, density, and tree growth
rates, all of which can affect NPP (Mattson and Addy
1975, Castello et al. 1995, Ferry et al. 2010). Thus, while
the potential upper limits of forest NPP may be
determined by temperature and resource availability
(bottom-up control), realized NPP is almost certainly
further inﬂuenced by independent environmental con-
trols on mortality rates, which can include enemies (top-
down control). We emphasize an important distinction
between this mechanism and the more traditional view
of consumer (enemy) inﬂuences on NPP. Consumer
inﬂuences on forest NPP may depend less on the
proportion of living plant mass consumed, which is
relatively small in any forest (McNaughton et al. 1989,
Cebrian 1999), than on the effects of enemies on
population processes, particularly mortality rates (cf.
Mattson and Addy 1975, Castello et al. 1995). Patho-
gens might consume only a few grams of their host, but
in the process they can bring down trees weighing
hundreds of tons.
The positive relationship between NPP and mortality
helps shed light on why increased NPP often is not
associated with increased forest biomass, and can even
be associated with decreased forest biomass (Keeling
and Phillips 2007, Litton et al. 2007, Ko ¨ rner 2009). Our
case study provides a concrete example. Compared to
the Paciﬁc States, mortality rates are higher in all tree
size classes at BCI, resulting in a lower density of trees
achieving large size even though potential maximum
growth rate is higher at BCI. The lower density of large
trees, in turn, contributes to lower forest biomass.
Speciﬁcally, compared to old forests in the Paciﬁc States,
BCI has only one-fourth the density of trees  50 cm dbh
(74 and 19 trees/ha, respectively) and distinctly lower
community-wide aboveground biomass (,500–784 Mg/
ha and 281 Mg/ha, respectively; Paciﬁc States biomass
estimated from Smithwick et al. [2002], Van Tuyl et al.
[2005], Hudiburg et al. [2009], averaged for the Paciﬁc
States regions included in this study and assuming a 23
conversion from C mass to biomass [Harmon et al.
2004]; BCI biomass from Chave et al. [2003]). Similarly,
across Amazonia, Lewis (2006) has shown a negative
relationship between forest turnover rate (mortality and
recruitment) and aboveground biomass. However, high
mortality rates can also contribute to greater availability
of certain limiting resources, such as nutrients (due to
more rapid input from dead trees), light, and space
(Mattson and Addy 1975, Castello et al. 1995). These,
along with greater climatic favorability (such as year-
round warmth and humidity), may contribute to higher
recruitment densities (e.g., 763 trees/ha that are 5 to ,15
cm dbh at BCI, compared to only 207 in the Paciﬁc
States) and allow more trees to grow rapidly (e.g., 93
trees/ha at BCI with annual diameter growth rates of 6–
40 mm, compared to only 24 in the Paciﬁc States). The
net result is higher community-wide NPP at BCI, even
though mortality rates are higher and standing biomass
is lower; aboveground NPP is estimated to be 18
Mg ha
 1 yr
 1 at BCI (Chave et al. 2003) compared to
an estimated 5–13 Mg ha
 1 yr
 1 in old forests of the
Paciﬁc States (data from Harmon et al. 2004, Van Tuyl
et al. 2005, Hudiburg et al. 2009). Compared to the
Paciﬁc States, more of BCI’s NPP is concentrated in
small trees and in rapidly growing trees, as might be
expected for a forest more heavily dominated by young
trees. For example, in the Paciﬁc States only 36% of
annual basal area increment (a crude index of biomass
increment) is found in trees that are small (5 to ,15 cm,
all growth rates) or growing rapidly (6–40 mm/yr, all
sizes), compared to 81% at BCI (Fig. 7).
Conclusions
Across forested ecosystems, the broad-scale correla-
tion between tree mortality rates and forest NPP cannot
be explained by a single mechanism. Rather, at least
four mechanisms appear to be at play, with the
dominant mechanisms depending on whether the
underlying productivity gradients are climatically or
edaphically determined (Table 3). Two of the mecha-
nisms are consequences of environmental selection for
species exhibiting certain combinations of life-history
traits and trade-offs, and the other two are consequences
of environmental inﬂuences on ecological interactions.
These conclusions have several implications. For only
one of the four mechanisms can high mortality rates be
considered to be a relatively direct, bottom-up conse-
quence of high NPP, by way of enhanced asymmetric
competition. The remaining mechanisms demand that
we adopt a different view of causality, in which tree
growth rates and probability of mortality can vary with
at least some degree of independence (Fig. 6B). A
corollary of this independence is that in many (perhaps
most) cases, rather than being a direct cause of high
mortality rates, NPP may remain high in spite of high
mortality rates. The independent inﬂuence of plant
enemies (top-down control) and other factors on
mortality rates helps explain why forest biomass can
show little correlation, or even negative correlation, with
forest NPP. However, if mortality rates increase enough,
NPP ultimately is likely to decline (cf. Ferry et al. 2010).
Additionally, in the absence of direct causal relation-
ships between forest NPP and tree mortality rates, the
transient responses of NPP and mortality to environ-
mental changes may be decoupled. A ﬁnal critical
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Simplication of our synthesis is that species’ functional
traits may not always be the dominant determinants of
community-wide mortality rates; other strong determi-
nants include environmental inﬂuences on the nature of
ecological interactions.
Several avenues for future research are evident.
Validation of our hypotheses and proposed generaliza-
tions will require many more targeted studies of life-
history traits and the nature of ecological interactions
along local and (especially) broad-scale productivity
gradients, both climatic and edaphic. In particular, our
ability to distinguish among the hypotheses will beneﬁt
greatly from detailed, community-wide studies of causes
of tree death, supported by frequent assessments of the
pathology of each living tree in a plot. We suspect that
such studies will more broadly support our contention
that enemy attack on boles and roots is a greater source
of tree mortality than folivory in most forests, and that
comparative studies of bole and root defenses therefore
are of particular importance. Validation will also require
more analyses similar to those of our case study,
systematically applied across a number of climatic and
edaphic productivity gradients worldwide. Data require-
ments are daunting, underscoring the importance of
large, long-term data sets from permanent forest plots.
Fortunately, qualifying data sets are likely to become
more abundant over the next decade, especially from the
dozens of large (20–50 ha) permanent forest plots
recently established (or being established) in association
with the Smithsonian Tropical Research Institute’s
Center for Tropical Forest Science, following a common
set of protocols in both tropical and temperate forests
worldwide. Finally, these analyses will beneﬁt from
improved approaches to partitioning proximate causes
of difference in mortality rates. Ideally, such improve-
ments would allow us to work with smaller sample sizes,
would allow many plots to be analyzed simultaneously,
and would treat life-history traits as continua rather
than as discrete classes.
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FIG. 7. Annual basal area increment by growth-rate and size classes (GS groups) at the temperate Paciﬁc States (white bars)
and tropical BCI (gray bars). GS groups are as in Figs. 4 and 5.
NATHAN L. STEPHENSON ET AL. 548 Ecological Monographs
Vol. 81, No. 4
C
O
N
C
E
P
T
S
&
S
Y
N
T
H
E
S
I
SLITERATURE CITED
Acker, S. A., W. A. McKee, M. E. Harmon, and J. F. Franklin.
1998. Long-term research on forest dynamics in the Paciﬁc
Northwest: a network of permanent forest plots. Pages 93–
106 in F. Dallmeier and J. A. Comisky, editors. Forest
biodiversity in North, Central and South America, and the
Caribbean: research and monitoring. Man and the biosphere
series. Volume 21. UNESCO and Parthenon Publishing
Group, Paris, France, and New York, New York, USA.
Ackerly, D. D., and W. K. Cornwell. 2007. A trait-based
approach to community assembly: partitioning of species
trait values into within- and among-community components.
Ecology Letters 10:135–145.
Allen, C. D., et al. 2010. A global overview of drought and
heat-induced tree mortality reveals emerging climate change
risks for forests. Forest Ecology and Management 259:660–
684.
A ´ lvarez Gonza ´ lez, J. G., F. Castedo Dorado, A. D. Ruiz
Gonza ´ lez, C. A. Lo ´ pez Sa ´ nchez, and K. von Gadow. 2004. A
two-step mortality model for even-aged stands of Pinus
radiata D. Don in Galicia (Northwestern Spain). Annals of
Forest Science 61:439–448.
Anderson, K. J., A. P. Allen, J. F. Gillooly, and J. H. Brown.
2006. Temperature-dependence of biomass accumulation
rates during secondary succession. Ecology Letters 9:673–
682.
Anten, N. P. R., and F. Schieving. 2010. The role of wood mass
density and mechanical constraints in the economy of tree
architecture. American Naturalist 175:250–260.
Apolina ´ rio, F. E., and C. Martius. 2004. Ecological role of
termites (Insecta, Isoptera) in tree trunks in central Amazo-
nian rain forests. Forest Ecology and Management 194:23–
28.
Arendt, J. D. 1997. Adaptive intrinsic growth rates: an
integration across taxa. Quarterly Review of Biology
72:149–177.
Baraloto, C., C. E. T. Paine, L. Poorter, J. Beauchene, D.
Bonal, A.-M. Domenach, B. He ´ rault, S. Pati˜ no, J.-C. Roggy,
and J. Chave. 2010. Decoupled leaf and stem economics in
rainforest trees. Ecology Letters 13:1338–1347.
Barbour, M. G., and J. Major, editors. 1977. Terrestrial
vegetation of California. Wiley-Interscience, New York,
New York, USA.
Barone, J. A. 1998. Host-speciﬁcity of folivorous insects in a
moist tropical forest. Journal of Animal Ecology 67:400–409.
Barone, J. A. 2000. Comparison of herbivores and herbivory in
the canopy and understory for two tropical tree species.
Biotropica 32:307–317.
Bauer, S., T. Wyszomirski, U. Berger, H. Hildenbrandt, and V.
Grimm. 2004. Asymmetric competition as a natural outcome
of neighbour interactions among plants: results from the
ﬁeld-of-neighbourhood modelling approach. Plant Ecology
170:135–145.
Beaver, R. A. 1979. Host speciﬁcity of temperate and tropical
animals. Nature 281:139–141.
Bigler, C., and H. Bugmann. 2004. Assessing the performance
of theoretical and empirical tree mortality models using tree-
ring series of Norway spruce. Ecological Modelling 174:225–
239.
Bohlman, S., and S. O’Brien. 2006. Allometry, adult stature and
regeneration requirement of 65 tree species on Barro
Colorado Island, Panama. Journal of Tropical Ecology
22:123–136.
Boisvenue, C., and S. W. Running. 2006. Impacts of climate
change on natural forest productivity – evidence since the
middle of the 20th century. Global Change Biology 12:1–21.
Brenes-Arguedas, T., P. D. Coley, and T. A. Kursar. 2009.
Pests vs. drought as determinants of plant distribution along
a tropical rainfall gradient. Ecology 90:1751–1761.
Brodribb, T. J., and H. Cochard. 2009. Hydraulic failure
deﬁnes the recovery and point of death in water-stressed
conifers. Plant Physiology 149:575–584.
Brown, J. H., J. F. Gillooly, A. P. Allen, V. M. Savage, and
G. B. West. 2004. Toward a metabolic theory of ecology.
Ecology 85:1771–1789.
Buchman, R. G., S. P. Pederson, and N. R. Walters. 1983. A
tree survival model with application to species of the Great
Lakes region. Canadian Journal of Forest Research 13:601–
608.
Bugmann, H. 2001. A review of forest gap models. Climatic
Change 51:259–305.
Bultman, J. D., and C. R. Southwell. 1976. Natural resistance
of tropical American woods to terrestrial wood-destroying
organisms. Biotropica 8:71–95.
Burns, R. M., and B. H. Honkala (technical coordinators).
1990. Silvics of North America. USDA Forest Service
Agriculture Handbook 654. USDA Forest Service, Wash-
ington, D.C., USA.
Canham, C. D., M. J. Papaik, M. Uriarte, W. H. McWilliams,
J. C. Jenkins, and M. J. Twery. 2006. Neighborhood analyses
of canopy tree competition along environmental gradients in
New England forests. Ecological Applications 16:540–554.
Castello, J. D., D. J. Leopold, and P. J. Smallidge. 1995.
Pathogens, patterns, and processes in forest ecosystems.
BioScience 45:16–24.
Cebrian, J. 1999. Patterns in the fate of production in plant
communities. American Naturalist 154:449–468.
Chambers, J. Q., N. Higuchi, J. P. Schimel, L. V. Ferreira, and
J. M. Melack. 2000. Decomposition and carbon cycling of
dead trees in tropical forests of the central Amazon.
Oecologia 122:380–388.
Chao, K.-J., O. L. Phillips, E. Gloor, A. Monteagudo, A.
Torres-Lezama, and R. Va ´ squez Martı´nez. 2008. Growth and
wood density predict tree mortality in Amazon forests.
Journal of Ecology 96:281–292.
Chao, K.-J., O. L. Phillips, E. Gloor, A. Monteagudo, A.
Torres-Lezama, and R. Va ´ squez Martı´nez. 2009. How do
trees die? Mode of death in northern Amazonia. Journal of
Vegetation Science 20:260–268.
Chave, J., R. Condit, S. Lao, J. P. Caspersen, R. B. Foster, and
S. P. Hubbell. 2003. Spatial and temporal variation of
biomass in a tropical forest: results from a large census plot
in Panama. Journal of Ecology 91:240–252.
Chave, J., et al. 2008. Assessing evidence for a pervasive
alteration in tropical tree communities. PLoS Biology
6(3):e45.
Chave, J., D. Coomes, S. Jansen, S. L. Lewis, N. G. Swenson,
and A. E. Zanne. 2009a. Towards a worldwide wood
economics spectrum. Ecology Letters 12:351–366.
Chave, J., D. A. Coomes, S. Jansen, S. L. Lewis, N. G.
Swenson, and A. E. Zanne. 2009b. Data from: towards a
worldwide wood economics spectrum. Dryad Digital Repos-
itory. [doi: 10.5061/dryad.234]
Clark, J. S. 1990. Integration of ecological levels: individual
plant growth, population mortality and ecosystem processes.
Journal of Ecology 78:275–299.
Coley, P. D. 1996. Rates of herbivory on different tropical trees.
Pages 123–132 in E. G. Leigh, Jr., A. S. Rand, and D. M.
Windsor, editors. The ecology of a tropical forest: seasonal
rhythms and long-term changes. Second edition. Smithsonian
Institution Press, Washington, D.C., USA.
November 2011 549 TREE MORTALITY AND FOREST PRODUCTIVITY
C
O
N
C
E
P
T
S
&
S
Y
N
T
H
E
S
I
SColey, P. D., and T. M. Aide. 1991. Comparison of herbivory
and plant defenses in temperate and tropical broad-leaved
forests. Pages 25–49 in P. W. Price, T. M. Lewinsohn, G. W.
Fernandes, and W. W. Benson, editors. Plant–animal
interactions: evolutionary ecology in tropical and temperate
regions. John Wiley and Sons, New York, New York, USA.
Coley, P. D., and J. A. Barone. 1996. Herbivory and plant
defenses in tropical forests. Annual Review of Ecology and
Systematics 27:305–335.
Coley, P. D., J. P. Bryant, and F. S. Chapin III. 1985. Resource
availability and plant antiherbivore defense. Science 230:895–
899.
Coley, P. D., and T. A. Kursar. 1996. Causes and consequences
of epiphyll colonization. Pages 337–362 in S. S. Mulkey,
R. L. Chazdon, and A. P. Smith, editors. Tropical forest
plant physiology. Chapman and Hall, New York, New York,
USA.
Coley, P. D., T. A. Kursar, and J.-L. Machado. 1993.
Colonization of tropical rain forest leaves by epiphylls:
effects of site and host plant leaf lifetime. Ecology 74:619–
623.
Condit, R., P. S. Ashton, N. Manokaran, J. V. LaFrankie, S. P.
Hubbell, and R. B. Foster. 1999. Dynamics of the forest
communities at Pasoh and Barro Colorado: comparing two
50-ha plots. Philosophical Transactions of the Royal Society
B 354:1739–1748.
Condit, R., S. P. Hubbell, and R. B. Foster. 1995. Mortality
rates of 205 neotropical tree and shrub species and the impact
of a severe drought. Ecological Monographs 65:419–439.
Condit, R., S. P. Hubbell, and R. B. Foster. 1996a. Assessing
the response of plant functional types in tropical forests to
climate change. Journal of Vegetation Science 7:405–416.
Condit, R., S. P. Hubbell, and R. B. Foster. 1996b. Changes in
tree species abundance in a Neotropical forest: impact of
climate change. Journal of Tropical Ecology 12:231–256.
Coomes, D. A., and R. B. Allen. 2007. Mortality and tree-size
distributions in natural mixed-age forests. Journal of Ecology
95:27–40.
Coomes, D. A., R. P. Duncan, R. B. Allen, and J. Truscott.
2003. Disturbances prevent stem size-density distributions in
natural forests from following scaling relationships. Ecology
Letters 6:980–989.
Coomes, D. A., G. Kunstler, C. D. Canham, and E. Wright.
2009. A greater range of shade-tolerance niches in nutrient
rich forests: an explanation for positive richness–productivity
relationships? Journal of Ecology 97:705–717.
Cornwell, W. K., J. H. C. Cornelissen, S. D. Allison, J. Bauhus,
P. Eggleton, C. M. Preston, F. Scarff, J. T. Weedon, C.
Wirth, and A. E. Zanne. 2009. Plant traits and wood fates
across the globe: rotted, burned, or consumed? Global
Change Biology 15:2431–2449.
Dietze, M. C., and P. R. Moorcroft. In press. Tree mortality in
the eastern and central U.S.: patterns and drivers. Global
Change Biology.
Dobbertin, M., and P. Brang. 2001. Crown defoliation
improves tree mortality models. Forest Ecology and Man-
agement 141:271–284.
Eid, T., and E. Tuhus. 2001. Models for individual tree
mortality in Norway. Forest Ecology and Management
154:69–84.
Endara, M.-J., and P. D. Coley. 2011. The resource availability
hypothesis revisited: a meta-analysis. Functional Ecology
25:389–398.
Enquist, B. J., and K. J. Niklas. 2001. Invariant scaling
relations across tree-dominated communities. Nature
410:655–660.
Enquist, B. J., G. B. West, and J. H. Brown. 2009. Extensions
and evaluations of a general quantitative theory of forest
structure and dynamics. Proceedings of the National
Academy of Sciences USA 106:7046–7051.
Falster, D. S., and M. Westoby. 2005. Alternative height
strategies among 45 dicot rain forest species from tropical
Queensland, Australia. Journal of Ecology 93:521–535.
Ferrell, G. T. 1996. The inﬂuence of insect pests and pathogens
on Sierra forests. Pages 1177–1192 in Sierra Nevada
ecosystem project: ﬁnal report to Congress. Volume II,
Assessments and scientiﬁc basis for management options.
Centers for Water and Wildland Resources, University of
California, Davis, California, USA.
Ferry, R., F. Morneau, J.-D. Bontemps, L. Blanc, and V.
Freycon. 2010. Higher treefall rates on slopes and water-
logged soils result in lower stand biomass and productivity in
a tropical forest. Journal of Ecology 98:106–116.
Fine, P. V. A., I. Mesones, and P. D. Coley. 2004. Herbivores
promote habitat specialization by trees in Amazonian forests.
Science 305:663–665.
Fine, P. V. A., Z. J. Miller, I. Mesones, S. Irazuzta, H. M.
Appel, M. H. H. Stevens, I. Sa ¨ a ¨ ksja ¨ rvi, J. C. Schultz, and
P. D. Coley. 2006. The growth–defense trade-off and habitat
specialization by plants in Amazonian forests. Ecology
87(Supplement):S150–S162.
Franceschi, V. R., P. Krokene, E. Christiansen, and T.
Krekling. 2005. Anatomical and chemical defenses of conifer
bark against bark beetles and other pests. New Phytologist
167:353–376.
Franklin, J. F., and C. T. Dyrness. 1973. Natural vegetation of
Oregon and Washington. USDA Forest Service General
Technical Report PNW-8. USDA Forest Service, Portland,
Oregon, USA.
Franklin, J. F., H. H. Shugart, and M. E. Harmon. 1987. Tree
death as an ecological process. BioScience 37:550–556.
Frazier, M. R., R. B. Huey, and D. Berrigan. 2006.
Thermodynamics constrains the evolution of insect popula-
tion growth rates: ‘‘warmer is better.’’ American Naturalist
168:512–520.
Garcı´a-Guzma ´ n, G., and E. Morales. 2007. Life-history
strategies of plant pathogens: distribution patterns and
phylogenetic analysis. Ecology 88:589–596.
Gaston, K. J., S. L. Chown, and K. L. Evans. 2008.
Ecogeographical rules: elements of a synthesis. Journal of
Biogeography 35:483–500.
Gentry, A. H., and L. H. Emmons. 1987. Geographical
variation in fertility, phenology, and composition of the
understory of neotropical forests. Biotropica 19:216–227.
Gilbert, B., S. J. Wright, H. C. Muller-Landau, K. Kitajima,
and A. Hernande ´ z. 2006. Life history trade-offs in tropical
trees and lianas. Ecology 87:1281–1288.
Gilbert, G. S. 2005. Dimensions of plant disease in tropical
forests. Pages 141–164 in D. F. R. P. Burslem, M. A. Pinard,
and S. E. Hartley, editors. Biotic interactions in the tropics.
Cambridge University Press, Cambridge, UK.
Gilbert, G. S., A. Ferrer, and J. Carranza. 2002. Polypore
fungal diversity and host density in a moist tropical forest.
Biodiversity and Conservation 11:947–957.
Gilbert, G. S., S. P. Hubbell, and R. B. Foster. 1994. Density
and distance-to-adult effects of a canker disease of trees in a
moist tropical forest. Oecologia 98:100–108.
Gillman, L. N., and S. D. Wright. 2006. The inﬂuence of
productivity on the species richness of plants: a critical
assessment. Ecology 87:1234–1243.
Givnish, T. J. 1999. On the causes of gradients in tropical tree
diversity. Journal of Ecology 87:193–210.
NATHAN L. STEPHENSON ET AL. 550 Ecological Monographs
Vol. 81, No. 4
C
O
N
C
E
P
T
S
&
S
Y
N
T
H
E
S
I
SGoldberg, D. E., T. Rajaniemi, J. Gurevitch, and A. Stewart-
Oaten. 1999. Empirical approaches to quantifying interaction
intensity: competition and facilitation along productivity
gradients. Ecology 80:1118–1131.
Gonza ´ lez, G., W. A. Gould, A. T. Hudak, and T. Nettleton
Hollingsworth. 2008. Decay of aspen (Populus tremuloides
Michx.) wood in moist and dry boreal, temperate, and
tropical forest fragments. Ambio 37:588–597.
Grime, J. P. 2001. Plant strategies, vegetation processes, and
ecosystem properties. Second edition. John Wiley and Sons,
Chichester, UK.
Guariguata, M. R., and G. S. Gilbert. 1996. Interspeciﬁc
variation in rates of trunk wound closure in a Panamanian
lowland forest. Biotropica 28:23–29.
Hacke, U. G., and J. S. Sperry. 2001. Functional and ecological
xylem anatomy. Perspectives in Plant Ecology, Evolution and
Systematics 4:97–115.
Hallam, A., and J. Read. 2006. Do tropical species invest more
in anti-herbivore defence than temperate species? A test in
Eucryphia (Cunoniaceae) in eastern Australia. Journal of
Tropical Ecology 22:41–51.
Hansen, E. M., and E. M. Goheen. 2000. Phellinus weirii and
other native root pathogens as determinants of forest
structure and process in western North America. Annual
Review of Phytopathology 38:515–539.
Harmon, M. E., K. Bible, M. G. Ryan, D. C. Shaw, H. Chen, J.
Klopatek, and X. Li. 2004. Production, respiration, and
overall carbon balance in an old-growth Pseudotsuga-Tsuga
forest ecosystem. Ecosystems 7:498–512.
Harmon, M. E., et al. 1986. Ecology of coarse woody debris in
temperate ecosystems. Advances in Ecological Research
15:133–302.
Harper, J. L. 1977. Population biology of plants. Academic
Press, New York, New York, USA.
Hawkins, A. E., and T. W. Henkel. 2011. Native forest
pathogens facilitate persistence of Douglas-ﬁr in old-growth
forests of northwestern California. Canadian Journal of
Forest Research 41:1256–1266.
He ´ rault, B., J. Beauchˆ ene, F. Muller, F. Wagner, C. Baraloto,
L. Blanc, and J.-M. Martin. 2011. Modeling decay rates of
dead wood in a neotropical forest. Oecologia 164:243–251.
Herms, D. A., and W. J. Mattson. 1992. The dilemma of plants:
to grow or defend. Quarterly Review of Biology 67:283–335.
Hickman, J. C., editor. 1993. The Jepson manual: higher plants
of California. University of California Press, Berkeley,
California, USA.
Hoffmann, W. A., R. M. Marchin, P. Abit, and O. L. Lau.
2011. Hydraulic failure and tree dieback are associated with
high wood density in a temperate forest under extreme
drought. Global Change Biology 17:2731–2742.
Howe, H. F. 1990. Survival and growth of juvenile Virola
surinamensis in Panama: effects of herbivory and canopy
closure. Journal of Tropical Ecology 6:259–280.
Hudgins, J. W., T. Krekling, and V. R. Franceschi. 2003.
Distribution of calcium oxalate crystals in the secondary
phloem of conifers: a constitutive defense mechanism? New
Phytologist 159:677–690.
Hudiburg, T., B. Law, D. P. Turner, J. Campbell, D. Donato,
and M. Duane. 2009. Carbon dynamics of Oregon and
Northern California forests and potential land-based carbon
storage. Ecological Applications 19:163–180.
Ingwell, L. L., S. J. Wright, K. K. Becklund, S. P. Hubbell, and
S. A. Schnitzer. 2010. The impact of lianas on 10 years of tree
growth and mortality on Barro Colorado Island, Panama.
Journal of Ecology 98:879–887.
Issartel, J., and C. Coiffard. 2011. Extreme longevity in trees:
live slow, die old? Oecologia 165:1–5.
Johnson, D. M., D. R. Woodruff, K. A. McCulloh, and F. C.
Meinzer. 2009. Leaf hydraulic conductance, measured in situ,
declines and recovers daily: leaf hydraulics, water potential
and stomatal conductance in four temperate and three
tropical tree species. Tree Physiology 29:879–887.
Kalka, M. B., A. R. Smith, and E. K. V. Kalko. 2008. Bats limit
arthropods and herbivory in a tropical forest. Science 320:71.
Keane, R. E., M. Austin, C. Field, A. Huth, M. J. Lexer, D.
Peters, A. Solomon, and P. Wyckoff. 2001. Tree mortality in
gap models: application to climate change. Climatic Change
51:509–540.
Keddy, P., L. Twolan-Strutt, and B. Shipley. 1997. Experimen-
tal evidence that interspeciﬁc competitive asymmetry increas-
es with soil productivity. Oikos 80:253–256.
Keeling, H. C., and O. L. Phillips. 2007. The global relationship
between forest productivity and biomass. Global Ecology
and Biogeography 16:618–631.
King, D. A., S. J. Davies, and N. S. M. Noor. 2006a. Growth
and mortality are related to adult tree size in a Malaysian
mixed dipterocarp forest. Forest Ecology and Management
223:152–158.
King, D. A., S. J. Davies, S. Tan, and N. S. M. Noor. 2006b.
The role of wood density and stem support costs in the
growth and mortality of tropical trees. Journal of Ecology
94:670–680.
King, D. A., S. J. Wright, and J. H. Connell. 2006c. The
contribution of interspeciﬁc variation in maximum tree
height to tropical and temperate diversity. Journal of
Tropical Ecology 22:11–24.
Kobe, R. K. 1996. Intraspeciﬁc variation in sapling mortality
and growth predicts geographic variation in forest compo-
sition. Ecological Monographs 66:181–201.
Kohyama, T., E. Suzuki, T. Partomihardjo, T. Yamada, and T.
Kubo. 2003. Tree species differentiation in growth, recruit-
ment and allometry in relation to maximum height in a
Bornean mixed dipterocarp forest. Journal of Ecology
91:797–806.
Kohyama, T., and T. Takada. 2009. The stratiﬁcation theory
for plant coexistence promoted by one-sided competition.
Journal of Ecology 97:463–471.
Ko ¨ rner, C. 2009. Responses of humid tropical trees to rising
CO2. Annual Review of Ecology, Evolution, and Systematics
40:61–79.
Korning, J., and H. Balslev. 1994. Growth rates and mortality
patterns of tropical lowland tree species and the relation to
forest structure in Amazonian Ecuador. Journal of Tropical
Ecology 10:151–166.
Kueppers, L. M., J. Southon, P. Baer, and J. Harte. 2004. Dead
wood biomass and turnover time, measured by radiocarbon,
along a subalpine elevation gradient. Oecologia 141:641–651.
LaFrankie, J. V., et al. 2006. Contrasting structure and
composition of the understory in species-rich tropical rain
forests. Ecology 87:2298–2305.
Lang, G. E., and D. H. Knight. 1979. Decay rates for boles of
tropical trees in Panama. Biotropica 11:316–317.
Larjavaara, M., and H. C. Muller-Landau. 2010. Rethinking
the value of high wood density. Functional Ecology 24:701–
705.
Larson, A. J., and J. F. Franklin. 2010. The tree mortality
regime in temperate old-growth coniferous forests: the role of
physical damage. Canadian Journal of Forest Research
40:2091–2103.
Laurance, S. G. W., W. F. Laurance, H. E. M. Nascimento, A.
Andrade, P. M. Fearnside, E. R. G. Rebello, and R. Condit.
November 2011 551 TREE MORTALITY AND FOREST PRODUCTIVITY
C
O
N
C
E
P
T
S
&
S
Y
N
T
H
E
S
I
S2009. Long-term variation in Amazon forest dynamics.
Journal of Vegetation Science 20:323–333.
Laurance, W. F., A. A. Oliveira, S. G. Laurance, R. Condit,
H. E. M. Nascimento, A. C. Sanchez-Thorin, T. E. Lovejoy,
A. Andrade, S. D’Angelo, J. E. Ribeiro, and C. W. Dick.
2004. Pervasive alteration of tree communities in undisturbed
Amazonian forests. Nature 428:171–175.
Leavengood, S. A. 1998. Identifying common Northwest wood
species: a woodworker’s guide. Oregon State University
Extension Service, Oregon State University, Corvallis,
Oregon, USA.
Leigh, E. G., Jr. 1999. Tropical forest ecology: a view from
Barro Colorado Island. Oxford University Press, New York,
New York, USA.
Leigh, E. G., Jr., S. Loo de Lao, R. Condit, S. P. Hubbell, R. B.
Foster, and R. Pe ´ rez. 2004. Barro Colorado Island forest
dynamics plot, Panama. Pages 451–463 in E. C. Losos and
E. G. Leigh, Jr., editors. Tropical forest diversity and
dynamism: ﬁndings from a large-scale plot network. Univer-
sity of Chicago Press, Chicago, Illinois, USA.
Leigh, E. G., Jr., and D. M. Windsor. 1996. Forest production
and regulation of primary consumers on Barro Colorado
Island. Pages 111–122 in E. G. Leigh, Jr., A. S. Rand, and
D. M. Windsor, editors. The ecology of a tropical forest:
seasonal rhythms and long-term changes. Second edition.
Smithsonian Institution Press, Washington, D.C., USA.
Lewis, S. L. 2006. Tropical forests and the changing earth
system. Philosophical Transactions of the Royal Society B
361:195–210.
Lewis, S. L., J. Lloyd, S. Sitch, E. T. A. Mitchard, and W. L.
Laurance. 2009a. Changing ecology of tropical forests:
evidence and drivers. Annual Review of Ecology, Evolution,
and Systematics 40:529–549.
Lewis, S. L., et al. 2009b. Increasing carbon storage in intact
African tropical forests. Nature 457:1003–1006.
Lewis, S. L., et al. 2004. Concerted changes in tropical forest
structure and dynamics: evidence from 50 South American
long-term plots. Philosophical Transactions of the Royal
Society B 359:421–436.
Lieberman, D., and M. Lieberman. 1987. Forest tree growth
and dynamics at La Selva, Costa Rica (1969–1982). Journal
of Tropical Ecology 3:347–358.
Lines, E. R., D. A. Coomes, and D. W. Purves. 2010. Inﬂuences
of forest structure, climate and species composition on tree
mortality across the eastern US. PLoS ONE 5(10):e13212.
Litton, C. M., J. W. Raich, and M. G. Ryan. 2007. Carbon
allocation in forest ecosystems. Global Change Biology
13:2089–2109.
Loehle, C. 1988. Tree life history strategies: the role of defenses.
Canadian Journal of Forest Research 18:209–222.
Loehle, C. 2000. Strategy space and the disturbance spectrum: a
life-history model for tree species coexistence. American
Naturalist 156:14–33.
Losos, E. C., and E. G. Leigh, Jr., editors. 2004. Tropical forest
diversity and dynamism: ﬁndings from a large-scale plot
network. University of Chicago Press, Chicago, Illinois,
USA.
Maherali, H., W. T. Pockman, and R. B. Jackson. 2004.
Adaptive variation in the vulnerability of woody plants to
xylem cavitation. Ecology 85:2184–2199.
Mangan, S. A., S. A. Schnitzer, E. A. Herre, K. M. L. Mack,
M. C. Valencia, E. I. Sanchez, and J. D. Bever. 2010.
Negative plant–soil feedback predicts tree-species relative
abundance in a tropical forest. Nature 466:752–756.
Manokaran, N., and K. M. Kochummen. 1987. Recruitment,
growth and mortality of tree species in a lowland dipterocarp
forest in Peninsular Malaysia. Journal of Tropical Ecology
3:315–330.
Markesteijn, L., L. Poorter, H. Paz, L. Sack, and F. Bongers.
2011. Ecological differentiation in xylem cavitation resistance
is associated with stem and leaf structural traits. Plant, Cell
and Environment 34:137–148.
Martı´nez-Vilalta, J., M. Mencuccini, J. Vayreda, and J. Retana.
2010. Interspeciﬁc variation in functional traits, not climatic
differences among species ranges, determines demographic
rates across 44 temperate and Mediterranean tree species.
Journal of Ecology 98:1462–1475.
Mattson, W. J., and N. D. Addy. 1975. Phytophagous insects as
regulators of forest primary production. Science 190:515–
522.
Mayr, S., U. Hacke, P. Schmid, F. Schwienbacher, and A.
Gruber. 2006. Frost drought in conifers at the alpine
timberline: xylem dysfunction and adaptations. Ecology
87:3175–3185.
McCarthy, J. 2001. Gap dynamics of forest trees: a review with
particular attention to boreal forests. Environmental Reviews
9:1–59.
McCoy, M. W., and J. F. Gillooly. 2008. Predicting natural
mortality rates of plants and animals. Ecology Letters
11:710–716.
McCulloh, K., J. S. Sperry, B. Lachenbruch, F. C. Meinzer,
P. B. Reich, and S. Voelker. 2010. Moving water well:
comparing hydraulic efﬁciency in twigs and trunks of
coniferous, ring-porous, and diffuse-porous saplings from
temperate and tropical forests. New Phytologist 186:439–
450.
McDowell, N. G. 2011. Mechanisms linking drought, hydrau-
lics, carbon metabolism, and vegetation mortality. Plant
Physiology 155:1051–1059.
McDowell, N., W. T. Pockman, C. D. Allen, D. D. Breshears,
N. Cobb, T. Kolb, J. Plaut, J. Sperry, A. West, D. G.
Williams, and E. A. Yepez. 2008. Mechanisms of plant
survival and mortality during drought: why do some plants
survive while others succumb to drought? New Phytologist
178:719–739.
McGill, B. J., B. J. Enquist, E. Weiher, and M. Westoby. 2006.
Rebuilding community ecology from functional traits.
Trends in Ecology and Evolution 21:178–185.
McNaughton, S. J., M. Oesterheld, D. A. Frank, and K. J.
Williams. 1989. Ecosystem-level patterns of primary produc-
tivity and herbivory in terrestrial habitats. Nature 341:142–
144.
Meinzer, F. C., B. J. Bond, J. M. Warren, and D. R. Woodruff.
2005. Does water transport scale universally with tree size?
Functional Ecology 19:558–565.
Meinzer, F. C., D. M. Johnson, B. Lachenbruch, K. A.
McCulloh, and D. R. Woodruff. 2009. Xylem hydraulic
safety margins in woody plants: coordination of stomatal
control of xylem tension with hydraulic capacitance. Func-
tional Ecology 23:922–930.
Mencuccini, M., J. Martı´nez-Vilalta, H. A. Hamid, E.
Korakaki, and D. Vanderklein. 2007. Evidence for age- and
size-mediated controls of tree growth from grafting studies.
Tree Physiology 27:463–473.
Moles, A. T., S. P. Bonser, A. G. B. Poore, I. R. Wallis, and
W. J. Foley. 2011a. Assessing the evidence for latitudinal
gradients in plant defence and herbivory. Functional Ecology
25:380–388.
Moles, A. T., et al. 2011b. Putting plant resistance traits on the
map: a test of the idea that plants are better defended at
lower latitudes. New Phytologist 191:777–788.
NATHAN L. STEPHENSON ET AL. 552 Ecological Monographs
Vol. 81, No. 4
C
O
N
C
E
P
T
S
&
S
Y
N
T
H
E
S
I
SMoles, A. T., D. I. Warton, L. Warman, N. G. Swenson, S. W.
Laffan, A. E. Zanne, A. Pitman, F. A. Hemmings, and M. R.
Leishman. 2009a. Global patterns in plant height. Journal of
Ecology 97:923–932.
Moles, A. T., I. J. Wright, A. J. Pitman, B. R. Murray, and M.
Westoby. 2009b. Is there a latitudinal gradient in seed
production? Ecography 32:78–82.
Muller-Landau, H. C., et al. 2006a. Testing metabolic ecology
theory for allometric scaling of tree size, growth and
mortality in tropical forests. Ecology Letters 9:575–588.
Muller-Landau, H. C., et al. 2006b. Comparing tropical forest
tree size distributions with the predictions of metabolic
ecology and equilibrium models. Ecology Letters 9:589–602.
Munne ´ -Bosch, S. 2008. Do perennials really senesce? Trends in
Plant Science 13:216–220.
Nair, K. S. S. 2007. Tropical forest insect pests: ecology,
impact, and management. Cambridge University Press,
Cambridge, UK.
Nascimento, H. E. M., W. F. Laurance, R. Condit, S. G.
Laurance, S. D’Angelo, and A. C. Andrade. 2005. Demo-
graphic and life-history correlates for Amazonian trees.
Journal of Vegetation Science 16:625–634.
Newbery, D. M., D. N. Kennedy, G. H. Petol, L. Madani, and
C. E. Ridsdale. 1999. Primary forest dynamics in lowland
dipterocarp forest at Danum Valley, Sabah, Malaysia, and
the role of the understorey. Philosophical Transactions of the
Royal Society B 354:1763–1782.
Niklas, K. J., J. J. Midgley, and R. H. Rand. 2003. Size-
dependent species richness: trends within plant communities
and across latitude. Ecology Letters 6:631–636.
Noetzli, K. P., B. Mu ¨ ller, and T. N. Sieber. 2003. Impact of
population dynamics of white mistletoe (Viscum album ssp.
abietis) on European silver ﬁr (Abies alba). Annals of Forest
Science 60:773–779.
Noode ´ n, L. D., and A. C. Leopold. 1988. Senescence and aging
in plants. Academic Press, San Diego, California, USA.
Obeso, J. R. 2002. The costs of reproduction in plants. New
Phytologist 155:321–348.
Pacala, S. W., C. D. Canham, J. Saponara, J. A. Silander, Jr.,
R. K. Kobe, and E. Ribbens. 1996. Forest models deﬁned by
ﬁeld measurements: estimation, error analysis and dynamics.
Ecological Monographs 66:1–43.
Parton, W., W. L. Silver, I. C. Burke, L. Grassens, M. E.
Harmon, W. S. Currie, J. Y. King, E. C. Adair, L. A. Brandt,
S. C. Hart, and B. Fasth. 2007. Global-scale similarities in
nitrogen release patterns during long-term decomposition.
Science 315:361–364.
Pedersen, B. S. 1998. The role of stress in the mortality of
midwestern oaks as indicated by growth prior to death.
Ecology 79:79–93.
Pe˜ nuelas, J., and S. Munne ´ -Bosch. 2010. Potentially immortal?
New Phytologist 187:564–567.
Phillips, O. L., et al. 2004. Pattern and process in Amazon tree
turnover, 1976-2001. Philosophical Transactions of the Royal
Society B 359:381–407.
Phillips, O. L., S. L. Lewis, T. R. Baker, K.-J. Chao, and N.
Higuchi. 2008. The changing Amazon forest. Philosophical
Transactions of the Royal Society B 363:1819–1827.
Pitman, N. C. A., J. W. Terborgh, M. R. Silman, V. P. Nu ´ ˜ nez
D. A. Neill, C. E. Cero ´ n, W. A. Palacios, and M. Aulestia.
2002. A comparison of tree species diversity in two upper
Amazonian forests. Ecology 83:3210–3224.
Poorter, L., L. Bongers, and F. Bongers. 2006. Architecture of
54 moist-forest tree species: traits, trade-offs, and functional
groups. Ecology 87:1289–1301.
Poorter, L., F. Bongers, F. J. Sterck, and H. Wo ¨ ll. 2003.
Architecture of 53 rain forest tree species differing in adult
stature and shade tolerance. Ecology 84:602–608.
Poorter, L., I. McDonald, A. Alarco ´ n, E. Fichtler, J.-C. Licona,
M. Pe˜ na-Claros, F. Sterck, Z. Villegas, and U. Sass-Klaassen.
2010. The importance of wood traits and hydraulic conduc-
tance for the performance and life history strategies of 42
rainforest tree species. New Phytologist 185:481–492.
Poorter, L., et al. 2008. Are functional traits good predictors of
demographic rates? Evidence from ﬁve Neotropical forests.
Ecology 89:1908–1920.
Powers, J. S., et al. 2009. Decomposition in tropical forests: a
pan-tropical study of the effects of litter type, litter placement
and mesofaunal exclusion across a precipitation gradient.
Journal of Ecology 97:801–811.
Putz, F. E. 1984. The natural history of lianas on Barro
Colorado Island, Panama. Ecology 65:1713–1724.
Putz, F. E., and K. Milton. 1996. Tree mortality rates on Barro
Colorado Island. Pages 95–100 in E. G. Leigh, Jr., A. S.
Rand, and D. M. Windsor, editors. The ecology of a tropical
forest: seasonal rhythms and long-term changes. Second
edition. Smithsonian Institution Press, Washington, D.C.,
USA.
Reich, P. B., D. S. Ellsworth, M. B. Walters, J. M. Vose, C.
Gresham, J. C. Volin, and W. D. Bowman. 1999. Generality
of leaf trait relationships: a test across six biomes. Ecology
80:1955–1969.
Reich, P. B., M. B. Walters, and D. S. Ellsworth. 1997. From
tropics to tundra: global convergence in plant functioning.
Proceedings of the National Academy of Sciences USA
94:13730–13734.
Reich, P. B., I. J. Wright, J. Cavender-Bares, J. M. Craine, J.
Oleksyn, M. Westoby, and M. B. Walters. 2003. The
evolution of plant functional variation: traits, spectra, and
strategies. International Journal of Plant Sciences 164:S143–
S164.
Romero, C., and B. M. Bolker. 2008. Effects of stem
anatomical and structural traits on responses to stem
damage: an experimental study in the Bolivian Amazon.
Canadian Journal of Forest Research 38:611–618.
Rosso, P., and E. Hansen. 1998. Tree vigour and the
susceptibility of Douglas ﬁr to Armillaria root disease.
European Journal of Forest Pathology 28:43–52.
Russo, S. E., K. L. Jenkins, S. K. Wiser, M. Uriarte, R. P.
Duncan, and D. A. Coomes. 2010. Interspeciﬁc relationships
among growth, mortality and xylem traits of woody species
from New Zealand. Functional Ecology 24:253–262.
Sala, A., F. Piper, and G. Hoch. 2010. Physiological
mechanisms of drought-induced tree mortality are far from
being resolved. New Phytologist 186:274–281.
Scheidel, U., S. Ro ¨ hl, and H. Bruelheide. 2003. Altitudinal
gradients of generalist and specialist herbivory on three
montane Asteraceae. Acta Oecologia 24:275–283.
Schemske, D. W., G. G. Mittelbach, H. V. Cornell, J. M. Sobel,
and K. Roy. 2009. Is there a latitudinal gradient in the
importance of biotic interactions? Annual Review of
Ecology, Evolution, and Systematics 40:245–269.
Schnitzer, S. A., and F. Bongers. 2002. The ecology of lianas
and their role in forests. Trends in Ecology and Evolution
17:223–230.
Schnitzer, S. A., M. E. Kuzee, and F. Bongers. 2005.
Disentangling above- and below-ground competition be-
tween lianas and trees in a tropical forest. Journal of Ecology
93:1115–1125.
Schowalter, T. D. 1989. Canopy arthropod community
structure and herbivory in old-growth and regenerating
November 2011 553 TREE MORTALITY AND FOREST PRODUCTIVITY
C
O
N
C
E
P
T
S
&
S
Y
N
T
H
E
S
I
Sforests in western Oregon. Canadian Journal of Forest
Research 19:318–322.
Schowalter, T. D. 1995. Canopy arthropod communities in
relation to forest age and alternative harvest practices in
western Oregon. Forest Ecology and Management 78:115–
125.
Schwinning, S., and J. Weiner. 1998. Mechanisms determining
the degree of size asymmetry in competition among plants.
Oecologia 113:447–455.
Shaw, D. C., K. A. Ernest, H. B. Rinker, and M. D. Lowman.
2006. Stand-level herbivory in an old-growth conifer forest
canopy. Western North American Naturalist 66:473–481.
Sheil, D. 1995. A critique of permanent plot methods and
analysis with examples from Budongo Forest, Uganda.
Forest Ecology and Management 77:11–34.
Sheil, D., and D. F. R. P. Burslem. 2003. Disturbing hypotheses
in tropical forests. Trends in Ecology and Evolution 18:18–
26.
Shen, G., J. A. Moore, and C. R. Hatch. 2001. The effect of
nitrogen fertilization, rock type, and habitat type on
individual tree mortality. Forest Science 47:203–213.
Silver, W. L., and R. K. Miya. 2001. Global patterns in root
decomposition: comparisons of climate and litter quality
effects. Oecologia 129:407–419.
Silvertown, J., and M. Dodd. 1999. The demographic cost of
reproduction and its consequences in balsam ﬁr (Abies
balsamea). American Naturalist 154:321–332.
Smithwick, E. A. H., M. E. Harmon, S. M. Remillard, S. A.
Acker, and J. F. Franklin. 2002. Potential upper bounds of
carbon stores in forests of the Paciﬁc Northwest. Ecological
Applications 12:1303–1317.
Sperry, J. S., F. C. Meinzer, and K. A. McCulloh. 2008. Safety
and efﬁciency conﬂicts in hydraulic architecture: scaling from
tissues to trees. Plant, Cell and Environment 31:632–645.
Stamp, N. 2003. Out of the quagmire of plant defense
hypotheses. Quarterly Review of Biology 78:23–55.
Stephenson, N. L. 1998. Actual evapotranspiration and deﬁcit:
biologically meaningful correlates of vegetation distribution
across spatial scales. Journal of Biogeography 25:855–870.
Stephenson, N. L., and P. J. van Mantgem. 2005. Forest
turnover rates follow global and regional patterns of
productivity. Ecology Letters 8:524–531.
Strauss, S. Y., J. A. Rudgers, J. A. Lau, and R. E. Irwin. 2002.
Direct and ecological costs of resistance to herbivory. Trends
in Ecology and Evolution 17:278–285.
Sudworth, G. B. 1967. Forest trees of the Paciﬁc Slope. Dover
Publications, New York, New York, USA.
Terborgh, J. 1985. The vertical component of plant species
diversity in temperate and tropical forests. American
Naturalist 126:760–776.
Thomas, S. C. 1996. Relative size at onset of maturity in rain
forest trees: a comparative analysis of 37 Malaysian species.
Oikos 76:145–154.
Turnblom, E. C., and T. E. Burk. 2000. Modeling self-thinning
of unthinned Lake States red pine stands using nonlinear
simultaneous differential equations. Canadian Journal of
Forest Research 30:1410–1418.
Turner, I. M. 2001. The ecology of trees in the tropical rain
forest. Cambridge University Press, Cambridge, UK.
Uriarte, M., C. D. Canham, J. Thompson, and J. K. Zimmer-
man. 2004. A neighborhood analysis of tree growth and
survival in a hurricane-driven tropical forest. Ecological
Monographs 74:591–614.
Valladares, F., and U ¨ . Niinemets. 2008. Shade tolerance, a key
plant feature of complex nature and consequences. Annual
Review of Ecology, Evolution, and Systematics 39:237–257.
Van Bael, S. A., A. Aiello, A. Valderrama, E. Medianero, M.
Samaniego, and S. J. Wright. 2004. General herbivore
outbreak following an El Ni˜ no-related drought in a lowland
Panamanian forest. Journal of Tropical Ecology 20:625–633.
Van Bael, S. A., and J. D. Brawn. 2005. The direct and indirect
effects of insectivory by birds in two contrasting Neotropical
forests. Oecologia 143:106–116.
van Dam, N. M. 2009. Belowground herbivory and plant
defenses. Annual Review of Ecology and Systematics 40:373–
391.
van Geffen, K. G., L. Poorter, U. Sass-Klaassen, R. S. P. van
Logtestijn, and J. H. C. Cornelissen. 2010. The trait
contribution to wood decomposition rates of 15 Neotropical
tree species. Ecology 91:3686–3697.
van Gelder, H. A., L. Poorter, and F. J. Sterck. 2006. Wood
mechanics, allometry, and life-history variation in a tropical
rain forest tree community. New Phytologist 171:367–378.
van Mantgem, P. J., N. L. Stephenson, J. C. Byrne, L. D.
Daniels, J. F. Franklin, P. Z. Fule ´ , M. E. Harmon, A. J.
Larson, J. M. Smith, A. H. Taylor, and T. T. Veblen. 2009.
Widespread increase of tree mortality rates in the western
United States. Science 323:521–524.
Van Tuyl, S., B. E. Law, D. P. Turner, and A. I. Gitelman.
2005. Variability in net primary production and carbon
storage in biomass across Oregon forests—an assessment
integrating data from forest inventories, intensive sites, and
remote sensing. Forest Ecology and Management 209:273–
291.
Vasiliauskas, R. 2001. Damage to trees due to forestry
operations and its pathological signiﬁcance in temperate
forests: a literature review. Forestry 74:319–336.
Waring, R. H. 1987. Characteristics of trees predisposed to die.
BioScience 37:569–574.
Waring, R. H., and J. F. Franklin. 1979. Evergreen coniferous
forests of the Paciﬁc Northwest. Science 204:1380–1386.
Waring, R. H., and G. B. Pitman. 1985. Modifying lodgepole
pine stands to change susceptibility to mountain pine beetle
attacks. Ecology 66:889–897.
Weedon, J. T., W. K. Cornwell, J. H. C. Cornelissen, A. E.
Zanne, C. Wirth, and D. A. Coomes. 2009. Global meta-
analysis of wood decomposition rates: a role for trait
variation among tree species? Ecology Letters 12:45–56.
Weiner, J. 1985. Size hierarchies in experimental populations of
annual plants. Ecology 66:743–752.
Weiner, J. 1990. Asymmetric competition in plant populations.
Trends in Ecology and Evolution 5:360–364.
Welden, C. W., S. W. Hewett, S. P. Hubbell, and R. B. Foster.
1991. Sapling survival, growth, and recruitment: relationship
to canopy height in a neotropical forest. Ecology 72:35–50.
Wellman, F. L. 1968. More diseases on crops in the tropics than
in the temperate zone. Ceiba 14:17–28.
Werner, P. A., and L. D. Prior. 2007. Tree-piping termites and
growth and survival of host trees in savanna woodland of
north Australia. Journal of Tropical Ecology 23:611–622.
Westoby, M., and I. J. Wright. 2006. Land-plant ecology on the
basis of functional traits. Trends in Ecology and Evolution
21:261–268.
Wheeler, E. A., P. Baas, and S. Rodgers. 2007. Variations in
dicot wood anatomy: a global analysis based on the
InsideWood database. IAWA Journal 28:229–258.
Whittaker, R. H. 1975. Communities and ecosystems. Second
edition. Macmillan, New York, New York, USA.
Wickman, B. E. 1963. Mortality and growth reduction of white
ﬁr following defoliation by the Douglas-ﬁr tussock moth.
Research Paper PSW-7. USDA Forest Service, Paciﬁc
NATHAN L. STEPHENSON ET AL. 554 Ecological Monographs
Vol. 81, No. 4
C
O
N
C
E
P
T
S
&
S
Y
N
T
H
E
S
I
SSouthwest Forest and Range Experiment Station, Berkeley,
California, USA.
Wolcott, G. N. 1950. An index to the termite-resistance of
woods. Bulletin No. 85. University of Puerto Rico, Agricul-
tural Experiment Station, San Juan, Puerto Rico, USA.
Wong, A. H. H., N. Morsing, K. H. Henriksen, and S. Ujang.
2004. Above ground microbial decay test of biocide treated
and untreated wood exposed to Danish and humid tropical
climates. Paper IRG/WP 04-20306. International Research
Group on Wood Protection, Stockholm, Sweden.
Wong, M., S. J. Wright, S. P. Hubbell, and R. B. Foster. 1990.
The spatial pattern and reproductive consequences of
outbreak defoliation in Quararibea asterolepis, a tropical
tree. Journal of Ecology 78:579–588.
Wright, I. J., et al. 2005. Modulation of leaf economic traits and
trait relationships by climate. Global Ecology and Biogeog-
raphy 14:411–421.
Wright, I. J., et al. 2004. The worldwide leaf economics
spectrum. Nature 428:821–827.
Wright, S. J., et al. 2010. Functional traits and the growth-
mortality trade-off in tropical trees. Ecology 91:3664–3674.
Wright, S. J., H. C. Muller-Landau, R. Condit, and S. P.
Hubbell. 2003. Gap-dependent recruitment, realized vital
rates, and size distributions of tropical trees. Ecology
84:3174–3185.
Wunder, J., B. Brzeziecki, H. Zybura, B. Reineking, C. Bigler,
and H. Bugmann. 2008. Growth-mortality relationships as
indicators of life-history strategies: a comparison of nine tree
species in unmanaged European forests. Oikos 117:815–828.
Wyckoff, P. H., and J. S. Clark. 2002. The relationship between
growth and mortality for seven co-occurring tree species in
the southern Appalachian Mountains. Journal of Ecology
90:604–615.
Zhao, M., and S. W. Running. 2010. Drought-induced
reduction in global terrestrial net primary production from
2000 through 2009. Science 329:940–943.
Zimmerman, J. K., E. M. Everham III, R. B. Waide, D. J.
Lodge, C. M. Taylor, and N. V. L. Brokaw. 1994. Responses
of tree species to hurricane winds in subtropical wet forest in
Puerto Rico: implications for tropical life histories. Journal
of Ecology 82:911–922.
APPENDIX A
Determining relative contributions of proximate causes to differences in mortality rates (Ecological Archives M081-019-A1).
APPENDIX B
Characteristics of the study plots (Ecological Archives M081-019-A2).
APPENDIX C
Case study methods (Ecological Archives M081-019-A3).
November 2011 555 TREE MORTALITY AND FOREST PRODUCTIVITY
C
O
N
C
E
P
T
S
&
S
Y
N
T
H
E
S
I
S